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Abstract

Anthropogenic organic micropollutants threaten groundwater quality worldwide. Identifying
the bottlenecks of biodegradation and finding solutions to eliminate organic micropollutants in
groundwater is a daunting task. Two possible limiting factors have been hypothesized as the
bottlenecks for biodegradations under oligotrophic conditions: (1) Mass-transfer limitation
from the bulk phase to the bioavailable phase, particularly the mass-transfer process through
the bacterial cell membrane, and (2) physiological limitation (e.g., downregulation of
functional genes). Compound-specific isotope analysis (CSIA) creates new windows to
glimpse mass-transfer limitation and physiological limitation during biodegradation.
Decreased isotope fractionation due to mass-transfer limitation through the bacterial cell
membrane during organic contaminant biodegradation by suspended bacteria has been
observed in chemostats at low concentrations (< Monod constant). However, there is a lack of
studies mimicking a realistic aquifer setting where bacteria attached to sediments are exposed
to oligotrophic environments. This thesis evaluates the limitations of micropollutant
biodegradation by applying CSIA in a bench-scale aquifer in three sequential experiments.
Firstly, isotope effects during aqueous diffusion/dispersion were investigated to address a
potentially confounding factor in data interpretations (section 2.1). Secondly, in order to
identify mass-transfer limitations at low concentrations, distributions of isotope fractionations,
concentrations, and biomass along a concentration cross gradient were verified by reactive-
transport simulations (section 2.2). Finally, to explore the remediation strategies for
biodegradation enhancement and pinpoint the potential limiting factors in the degradation-
stimulated system, the response of the contaminant-degradation activity to a priming strategy
(a transient inlet supply of elevated contaminant concentration) and temporal flow fluctuation

were characterized by applying CSIA and concentration analysis.

Whether aqueous phase diffusion and dispersion induce isotope fractionation and interfere
with the observable isotope values during (bio)chemical reactions has been a long-standing
debate. Experiments with Stokes diaphragm diffusion cells and a two-dimensional flow-
through sediment tank showed that potential isotopic interferences from diffusion and
transverse dispersion in the aqueous phase are negligible for most organic compounds at natural
isotopic abundance (e.g., BTEX, 2,6-dichlorobenzamide [BAM)]), with changes in carbon and
nitrogen isotope values within £ 0.5%o, and +1%o, respectively. The observed weak to
negligible isotope fractionations did not show a clear mass dependence on isotopologue masses.
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Hence, this study proposes that adding a maximum additional =1%o to current instrumental
uncertainties on carbon or nitrogen isotope analysis is sufficient to account for potential effects
of aqueous diffusion or dispersion in field data evaluation.

After excluding the potential isotopic interference from diffusion and dispersion, CSIA
was applied to investigate limitations on biodegradation of the organic contaminant BAM in a
two-dimensional flow-through sediment tank system homogenously inoculated with BAM
degrader Aminobacter sp. MSH1. By injecting an anoxic BAM solution through the center port
of the tank and oxic medium through the rest, a concentration cross gradient from high to low
developed and yielded low concentration zones in the top and bottom regions of the tank,
mimicking oligotrophic conditions. Decreased isotope fractionation at low concentrations
indicated a transition to mass-transfer limitation. Using a reactive transport model that
considers mass-transfer limitation into the cells, a threshold concentration of 600 pg/L was
identified, below which the apparent isotope enrichment factor *& strongly decreased (<0.5%o).
Therefore, the mass-transfer limitation was identified as a bottleneck for biodegradation of
organic micropollutants, and my results suggest it should be considered when interpreting

isotope values at field sites.

Furthermore, | explored priming strategies for increasing degradation capacity and
efficiency, especially at low concentrations. When implementing a priming strategy (a transient
inlet supply of elevated contaminant concentration) and temporal flow fluctuations, more
homogenous biomass distribution and higher degradation capacity indicated that intermediate
elevated concentrations or flow disturbances might be instrumental in increasing in-situ or ex-
situ biodegradation capacity. In addition, analysis of isotope fractionation across the vertical
profile under different concentration conditions suggested that mass-transfer limitation became
dominant when concentrations approached a threshold level, while limitation by physiological
adaptation followed when concentrations were even lower. In sum, an evaluation of isotope
fractionation in combination with calculations of remaining substrate fractions may identify
limiting factors during biodegradation in the lab and field cases and may, therefore, serve as a

performance indicator of bioremediation approaches.
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Zusammenfassung

Anthropogene organische Mikroschadstoffe bedrohen weltweit die Grundwasserqualitét. Es ist
eine grof3e Aufgabe, die Engpasse des biologischen Abbaus zu identifizieren und Lésungen zu
finden, wie organische Mikroschadstoffe aus dem Grundwasser eliminiert werden konnen.
Zwei mogliche limitierende Faktoren wurden als Engpésse fur den biologischen Abbau unter
oligotrophen Bedingungen angenommen: (1) die Begrenzung des Stofftransports von der
Hauptphase in die bioverfiighare Phase, insbesondere der Prozess des Stoff-Transfers durch
die Bakterienzellmembran, und (2) die physiologische Begrenzung (z.B. Herunterregulierung
von funktionellen Genen). Die verbindungsspezifische Isotopenanalyse (CSIA) schafft neue
Madglichkeiten, die Begrenzung des Stofftransports und die physiologische Begrenzung
wahrend des biologischen Abbaus zu erkennen. In Chemostaten wurde beobachtet, dass bei
niedrigen Konzentrationen (< Monod-Konstante) die Isotopenfraktionierung wéhrend des
biologischen Abbaus organischer Schadstoffe durch suspendierte Bakterien aufgrund des
begrenzten Strofftransfers durch die Bakterienzellmembran geddmpft ist. Es fehlen jedoch
Studien, die realistisch die Umgebung eines Grundwasserleiters abbilden, in dem die
Sediment-gebundenen Bakterien einem oligotrophen Milieu ausgesetzt sind. Diese Arbeit
untersucht in drei aufeinanderfolgenden Experimenten die Grenzen des biologischen Abbaus
von Mikroschadstoffen unter Anwendung von CSIA in einem Grundwasserleiter im
Labormalstab.Zundchst wurden Isotopeneffekte wéhrend der wassrigen Diffusion/Dispersion
untersucht, um einen potenziellen Stérfaktor bei der Dateninterpretation zu beheben (Abschnitt
2.1). Zweitens wurden Verteilungen von Isotopenfraktionierungen, Konzentrationen und
Biomasse entlang eines Konzentrationsquergradienten durch Simulationen des reaktiven
Transports (Abschnitt 2.2) verifiziert, um Stofftransferbeschrdnkungen bei niedrigen
Konzentrationen zu identifizieren. Um schlieBlich Sanierungsstrategien zur VVerbesserung des
biologischen Abbaus zu untersuchen und die potenziellen limitierenden Faktoren im
abbaustimulierten System zu bestimmen, wurden die Reaktion auf eine Priming-Strategie (eine
voriibergehende Zufuhr erhohter Schadstoffkonzentrationen) sowie die zeitliche Fluktuation
des Flusses durch Anwendung von CSIA und durch Analyse der Konzentrationen

charakterisiert

Seit langem wird diskutiert, ob Diffusion und Dispersion der waéssrigen Phase eine
Isotopenfraktionierung induzieren und die beobachtbaren Isotopenwerte wahrend
(bio)chemischer Reaktionen beeintrachtigen. Experimente mit Stokes' Diaphragma-
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Diffusionszellen und einem zweidimensionalen Durchfluss-Sedimenttank zeigten, dass
potentielle Isotopeninterferenzen durch Diffusion und transversale Dispersion in der wassrigen
Phase fir die meisten organischen Verbindungen bei naturlicher Isotopenhaufigkeit (z. B.
BTEX, 2,6-Dichlorbenzamiddi) vernachlassigbar sind [BAM]), mit Anderungen der
Kohlenstoff- und Stickstoffisotopenwerte innerhalb von + 0.5%o bzw. +1%o.. Die beobachteten
schwachen bis vernachlassigbaren Isotopenfraktionierungen zeigten keine eindeutige
Massenabhéngigkeit von Isotopologenmassen. Diese Studie schldgt daher vor, dass die
Zugabe von maximal +1%o. Unsicherheiten zusétzlich zu den aktuellen instrumentellen
Unsicherheiten bei der Kohlenstoff- oder Stickstoffisotopenanalyse ausreicht, um potenzielle
Auswirkungen der wassrigen Diffusion oder Dispersion bei der Auswertung der Felddaten zu
berticksichtigen.

Nach Ausschluss moglicher Isotopeninterferenzen durch Diffusion und Dispersion wurde
CSIA angewendet, um die Grenzen des biologischen Abbaus des organischen Schadstoffs
BAM in einem zweidimensionalen Durchfluss-Sedimenttanksystem zu untersuchen, das zuvor
homogen mit dem BAM-Degrader Aminobacter sp. MSH1 geimpft wurde. Durch Injektion
einer anoxischen BAM-Lésung durch die zentrale Offnung des Tanks und eines oxischen
Mediums durch den Rest entwickelte sich ein Quergradient von hohen zu niedrigen
Konzentrationen und ergab in den oberen und unteren Bereichen des Tanks, die oligotrophe
Bedingungen nachahmen, Zonen mit niedriger Konzentration. Eine verringerte
Isotopenfraktionierung bei niedrigen Konzentrationen deutete auf einen Ubergang zur
Stofftransportlimitierung hin. Unter Verwendung eines reaktiven Transportmodells, das die
Stofftransportlimitierung in die Zellen beriicksichtigt, wurde eine Schwellenkonzentration von
600 pg/L identifiziert, unterhalb derer der scheinbare Isotopen-Anreicherungsfaktor *e stark
abnahm (<0.5%o). Der eingeschriankte Stofftransferkonnte somit als limitierender Faktor fur
den biologischen Abbau organischer Mikroschadstoffe identifiziert werden, und meine
Ergebnisse legen nahe, dass dies bei der Interpretation der Isotopenwerte in Feldversuchen

berucksichtigt werden sollte.

Dariiber hinaus untersuchte ich Priming-Strategien zur Erhéhung der Abbaukapazitat und
-effizienz, insbesondere bei niedrigen Konzentrationen. Bei der Umsetzung einer Priming-
Strategie (einer voriibergehenden Zufuhr erhéhter Schadstoffkonzentrationen am Einlass) und
zeitlichen Flussschwankungen deuteten eine homogenere Biomasseverteilung und eine hdhere

Abbaukapazitdt darauf hin, dass zwischenzeitlich erhohte Konzentrationen oder
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Flussstérungen bei der Erhohung der In-situ- oder Ex-situ-Bioabbaukapazitat hilfreich sein
konnten . Dartiber hinaus weist die Analyse der Isotopenfraktionierung tber das vertikale Profil
unter verschiedenen Konzentrationsbedingungen darauf hin, dass die Stofftransportlimitierung
dominant wurde, wenn sich die Konzentrationen einem Schwellenwert naherten, wahrend eine
Begrenzung durch physiologische Anpassung folgte, wenn die Konzentrationen noch niedriger
waren. Zusammenfassend l&sst sich sagen, dass eine Bewertung der Isotopenfraktionierung in
Kombination mit Berechnungen der verbleibenden Substratfraktionen die limitierenden
Faktoren wahrend des biologischen Abbaus in Labor- und Feldversuchen identifizieren und
daher als Leistungsindikator flr Bioremediationsansatze dienen kann.
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1. Introduction

1.1 Groundwater—invisible, invaluable, and vulnerable

Groundwater, the invisible subsurface water in the pores of soil and fractures of rocks, is the
source of one-third of all freshwater withdrawals and more than 40% of the irrigation water for
food production, supplying potable water for more than two billion people worldwide.! As an
essential component in the ecosystem, groundwater is critical for buffering the impacts of

droughts and floods.? 3

Unfortunately, unlike the more visible environmental problems, such as surface water (e.g.,
rivers and lakes) contamination or air pollution, groundwater problems (e.g., contamination
from industry and agriculture*® and depletion due to over pumping’ ) are the out-of-sight issues,
requiring careful monitoring in order not to be overlooked. Excessive pumping of groundwater,
especially nonrenewable groundwater (deep or fossil groundwater), may cause water depletion,
subside, landslide, etc.®° Furthermore, groundwater contaminations from industry and
agriculture threaten groundwater quality.*® With increasing chemical usage, groundwater
contamination further endangers water and food supply,** human health,*? 3 and ecosystem
functioning.* It also further aggravates environmental injustice for low-income populations
and people in regions that lack access clean potable water, which is a fundamental human
right.

1.2  Groundwater organic pollution and remediation

1.2.1 Groundwater organic pollution

Groundwater can be polluted with organic chemicals from industrial discharge, urban and
agricultural activities, landfill leachate, domestic and hospital wastewaters, improper
hazardous waste disposal, and leakages or spills from inappropriate storage of chemicals and
petroleum products. This anthropogenic pollution threatens the safety of potable water supplies

and human health.®

One prominent group of organic pollutants are volatile organic compounds (VOCS),

organic chemicals with high vapor pressure (with low boiling point) at room temperature,
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which have been extensively used in domestic activities, industry, and agriculture. Although
VOC:s easily vaporize into the air, they can dissolve in and be transported with groundwater.
Gasoline VOC compounds — benzene, toluene, ethylbenzene, and xylenes (BTEX) — are
frequently detected at high abundance in groundwater.'® BTEX compounds are monocyclic
aromatic hydrocarbons, attracting more research focus due to their high toxicities, water
solubility, and mobility. BTEX compounds usually access groundwater from storage tank
leakage, migrating through the unsaturated soil zone and reaching the groundwater table. Due
to their limited solubility and low density (Table 1.1), an individual liquid phase known as
LNAPL (light non-aqueous phase liquid) usually accumulates on top of the groundwater
table.}” The BTEX compounds are transported with the groundwater flow, continuously
dissolving and developing into a larger contaminant plume through dispersion and diffusion.

Another ubiquitous class of groundwater pollutants are pesticides (e.g., herbicides,
insecticides, fungicides) and their metabolites that are transported from land fields to
groundwater through infiltration. Every year, millions of tons of pesticides are utilized
worldwide, and almost 75% of the global agricultural land is exposed to pesticide pollution.*
Even though groundwater seems to be less polluted from pesticides due to low aquifer net
recharge,* the concentrations of the pollutants in many wells are higher than the maximum

contaminant levels or health advisory levels.®

For example, metolachlor (2-chloro-N-(2-ethyl-6-methylphenyl)-N-(1-methoxpropan-2-
yl) acetamide), a broad-spectrum pre-emergent herbicide for general weed control,*® is an
aromatic amide, an organochlorine compound, and a possible human carcinogen.® It is slightly
soluble in water and denser than water (Table 1.1). It is applied as a racemate (1:1 mixture of
the (S)- and (R)- stereoisomers). Since the S enantiomer, S-metolachlor, is more effective than
the racemic metolachlor for weed control, more S-metolachlor has been applied to replace
racemate metolachlor.’® Among the ten most commonly used herbicides, tons of metolachlor
have been used in the European Union and the US every year.'® Due to leaching of the sorbed
metolachlor from the soil, it has been frequently detected in groundwater, with high persistency

and mobility.?°

Degradation products of pesticides also threaten groundwater quality. Herbicide
dichlobenil and fungicide fluopicolide are transformed into 2,6-dichlorobenzamide (BAM) via
microbial metabolism or abiotic degradation. BAM has been frequently detected at low
concentrations in groundwater, exceeding drinking water guidelines (0.1 pg/L) and causing
2



problems for drinking-water production in many European countries.?>* Dichlobenil,
fluopicolide, and BAM can leach into groundwater from the soil (especially soil with low
organic matter content) via infiltration or surface water runoff. Due to its low octanol/water
partition coefficient (log Kow = 0.77)%°, BAM is extremely mobile in groundwater and hardly
sorbs onto sediment surfaces (Kq = 0.1-0.93 L/kg).? In addition, it is very persistent, especially

under anaerobic conditions.?:

The maximum concentration for pesticides and their degradation products in drinking
water set by the European Union regulations is 0.1 pg/L,%® while the United States
Environmental Protection Agency’s limits are set for individual organic micropollutants (e.g.,
2 ng/L for Alachlor and 3 pg/L for atrazine). Although most organic micropollutants are present
at very low concentrations in groundwater, many of them are frequently detected above the
maximum contaminant levels or health advisory levels for drinking water and exert toxic

effects and carcinogenic risks.®

According to the contamination source geometry, contamination sources can be classified
as point sources and non-point sources (or diffuse sources).!” Point source is defined as a small
areal extent relative to the underground domain under consideration, such as septic tanks,
storage tanks, and landfills, etc.!” BTEX compounds from gasoline spills or leakage are a
common example of point source contamination in groundwater. Non-point source is any
source of water pollution that does not belong to point source, extending over a large horizontal
area relative to the contaminated subsurface area.l” One typical example of a non-point source
pollution is the infiltration of contaminants into groundwater from agricultural land treated with

pesticides and herbicides.*

Due to the limited solubility, contaminants that are immiscible in water can form an
individual liquid phase which is known as NAPL (non-aqueous phase liquid).t” 2" When the
NAPL quantity is small, it can occupy parts of the pores of the unsaturated porous media and
sorb onto the sediments, or slowly vaporize or dissolve in water from infiltration. If the quantity
of NAPL is relatively large, this oil phase would expand further horizontally and/or vertically;
the DNAPLSs (denser than water, e.g., tar) can penetrate the aquifer and cumulate on the aquifer
base, while the LNAPLSs (less dense than water, e.g., light gas oils) tend to accumulate at the
groundwater table.}”-2” Even though NAPLs are practically immiscible in water, they can still

slowly diffuse into groundwater, and further spread/migrate with groundwater flow.



Table 1.1 lists the properties of the target contaminants discussed in this thesis. |
investigated the diffusion- and transverse-dispersion induced isotope fractionation of benzene,
toluene, ethylbenzene, S-metolachlor, and BAM at natural isotopic abundance in the aqueous
phase (section 2.1) and explored the potential limitations (e.g., mass-transfer limitation) of
biodegradation of BAM at low concentrations in a bench-scale aquifer mimicking the natural

aquifer (section 2.2, and section 2.3).

Table 1.1: Properties of the target chemicals in this thesis

Compound Molecular Molecular weight ~ Density ~ Water solubility  log Kow Health concern
formula [g mol ] [g mLY” [mg LY” [[1*
Benzene © 78.12 0.8756[281 17801281 2.13P91 Confirmed human
carcinogen®
Toluene @xCHs 92.15 0.8669(28] 500(28! 2.7311 Nervous system?!
disturbances
Ethylbenzene ©/\GH3 106.18 0.867018 150281 3.15P Nervous system
disturbances®
S-metolachlor CHa 283.79 1.12831 48853011 3.13R91 Possible human
0 )
oA carcinogen®
H\ CHg
CH3
OCH;z
BAM Og,-NHz 190.02 - 273004 0.77%51  Slightly toxic by oral
C'\éﬂ route®

*Properties at temperature 20-25°C.

1.2.2 Remediation of contaminated groundwater

Multiple remediation strategies have been developed to remove contamination or reduce the
contaminant concentration in groundwater below the maximum allowable concentrations.
These include biological (e.g., bioaugmentation, biostimulation, and phytoremediation),
chemical (e.g., in-situ chemical oxidation and reduction, permeable reactive barrier), and
physical (e.g., pump and treat, activated carbon adsorption, air sparging) approaches.®®
Remediation technologies can also be divided into in-situ remediation and ex-situ remediation

based on the location of the treatment.3®

Microorganism-based bioremediation technologies, such as monitored natural attenuation,
biostimulation, and bioaugmentation have been widely applied because of their advantages of

cost efficiency, less secondary contamination, and long-term sustainability.®® 3’ For example,
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bioaugmentation (the addition of pre-grown microbial cultures to enhance microbial
populations at a site) is a typical technique for groundwater treatment.®”-38 It is usually pursued
when degrader strains are not abundant within the natural microbial community or treatment
facilities. To date, many aerobic and anaerobic bacteria that show strong degradation ability
for certain organic contaminants have been isolated from the environment and applied for in-
situ and ex-situ bioremediation.®® For example, Aminobacter sp. MSH1 is a well-known
microorganism for mineralizing and degrading BAM such that it is of great interest for

remediation applications.

However, traditional remediation technologies (e.g., those applied in wastewater plants)
have difficulty eliminating organic micropollutants to zero concentration; even under nutrient-
rich and bacteria-abundant conditions (e.qg., field sites or specially designed bioaugmented sand
filters), biodegradation of organic micropollutants is observed to stall below a threshold low
concentration. Finding solutions, or even reasons for the bottleneck of organic micropollutants
degradation, is a challenging task. To address this knowledge gap, most studies have focused

on two dominate hypotheses: mass-transfer limitation and physiological limitation.

1.2.3 Mass-transfer limitation

Mass-transfer of substrate molecules from bulk solution into the bioavailable phase can be
limited by several factors, such as dissolution, sorption, diffusion, mass transfer from flowing
to immobile water, and the uptake of molecules through the cell membrane. Studies on mass-
transfer limitation either focus on the various transport processes from the bulk solution to the
bacterial cell surface (assuming the bioavailable concentration is the concentration on the cell
surface or at the pore wall),**#? or mainly discuss the uptake from the bulk solution to the
degradation-functional enzyme location (assuming the bioavailable concentration is the
concentration that the enzyme experiences).*° In both assumptions, mass transfer from bulk

solution to bioavailable solution follows the first-order mass-transfer kinetics,*% 4

i . ( ~bulk __ _bioavailable
Tur = Ker (Ci ¢ ) (1.1)

in which i, [umol L* s1] is the rate of mass-transfer (i is the target substrate) between the
bulk solution and the bioavailable phase, c?“* [umol Louk™] and cbio@ailable Tymol Lpio™]
represent the substrate concentration in the bulk solution and in the bioavailable solution, and

ke [s1] is mass-transfer rate coefficient.



In this thesis, | focus on the mass-transfer process through the cellular membrane into the
intracellular phase. Transport through the cellular membrane is usually classified as either an
active transport process or a passive transport process (passive diffusion). For the active
transfer, transporters and porins play a crucial role in enhancing diffusion. The transporters can
speed up the movement of a solute across a membrane by facilitating diffusion. Thus, the rate
of substrate uptake increases with the number of transporters.*® Porins serving as channels for
diffusion of small solutes into the periplasm may influence the diffusion of solutes and be the
rate-limiting step of the enzymatic reaction in cells.*” Passive diffusion transfer through the
cell membrane is generally driven by a concentration gradient between the intracellular and
bulk phases. The transfer rate depends on physiochemical properties of the substrate (e.g., Kow)
and the thickness of the membrane.*® * The mass transfer process of substrates through the

cellular membrane in this thesis is assumed to be passive diffusion (Figure 1.1).

Figure 1.1. lllustration of mass-transfer limitation through the bacterial cell membrane in groundwater

1.2.4 Physiological limitation

Another limiting factor is bacterial physiological limitation under oligotrophic conditions.®® %
To adapt to low substrate concentrations, bacteria developed multiple strategies. For example,
bacteria can downregulate the functional genes or reduce the production of functional enzymes.
Sekhar et al.>! observed reduced BAM degrading ability in Aminobacter sp. MSH1 at low
BAM concentration, which was explained by the reduced production of the amidase BbdA

converting BAM to 2,6-DCBA. In addition, bacteria may also reduce their cell size and DNA
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content to keep a lower maintenance energy.*** In the atrazine biodegradation process with
Atrobacter aurescens TC1 in a chemostat experiment, cell morphology changed from rod shape
under the high-growth-rate, high-atrazine-concentration condition to coccus-like shape at low
atrazine concentrations.* This is assumed to be an energy-saving strategy by minimizing the

bacterial surface-to-volume ratio.*®

1.2.5 Challenges in BAM biodegradation

In order to identify the limitation factors during biodegradation of organic micropollutant, I
chose BAM, a frequently detected micropollutant in groundwater, as a target compound. The
most prominently studied BAM degrader is Aminobacter sp. MSH1 which is an aerobic, Gram-
negative, rod-shaped, motile, but potentially non-chemotactic®? soil bacteria that was firstly
isolated from soils frequently treated with dichlobenil in Denmark.?? 5% Using BAM as the sole
source of carbon, nitrogen, and energy, it mineralizes BAM into CO,, NH**, and chloride ions.
21,22,53,54 | this thesis, the growth of Aminobacter sp. MSH1 is assumed to follow dual-Monod
equation (eq 1.16) that takes the extracellular concentrations of electron acceptor and electron

donors as input.

Understanding the degradation pathway of BAM is important for the application of
Aminobacter sp. MSHL1 for in-situ or ex-situ groundwater bioremediation. The first well-known
step in this biodegradation pathway is hydrolysis by amidase—BbdA encoded on plasmid
pBAM1 (with gene bbdA), converting BAM to 2,6 dichlorobenzoic acid (DCBA);* the
hydrolysis follows Michaelis-Menten kinetics, with a Michaelis—Menten coefficient of the
amidase BbdA of 0.71 umol/L.%® Further degradation steps beyond the hydrolysis have recently

been explored by Raes et al.>®

Aminobacter sp. MSH exhibits a promising BAM mineralization/degradation capacity,
not only in well-defined laboratory experiments but also in BAM-contaminated soil/aquifer
and pilot sand filters in drinking water treatment plants.?! 24 57-%% Taple 1.2 summarizes the
studies on BAM degradation and mineralization with Aminobacter sp. MSH1 under various
experimental conditions, such as different experimental scales (e.g., batch, sand filters), BAM

concentrations, and cell densities.



Table 1.2 Overview of BAM degradation and mineralization with the specific degrader strain Aminobacter sp. MSH1 in laboratory experiments

(Modified from Ellegaard-Jensen et al., 2017%)

Experimental

Experimental

Inoculated cell

Medium/matrix

BAM

Maximum

Specific degradation rate

Reference

type setup density concentration mineralization/BAM removal
Degradation Batch-flask 2-4x108cellsmL! MS” 1.5-50000 ug Lt 95.6-99.9% nd Sorensen et al. 2007%
Degradation Batch-flask ODsoonm = 0.9 MS 12000 pg L* ~>95% nd Reinnicke et al. 201260
Degradation Batch-flask 107 cells mL* MSNC # 120 ug L 98% (240 min) 4.4-73 x10° nmol Ccell*  Simonsen et al. 2012¢1
min?
Degradation Flow channel 107-108 cells mL? MS 1-1000 pg L? 70-90% 3x10M%to1x 10 pg Sekhar et al. 20165
BAM cell* min‘?
(at 30 days of growth in
starvation conditions)
108-10%cellsmL  MS 1-1000 pg L 70-90% 4 %1020 5 x 100 pg
BAM cell”* min (within
minutes of inoculation)
Degradation Flow channel 2.5%x108 cells mL* MS lpgL? ~50-70% ~1013% g BAM cell* mint  Horemans et al. 2017a%
2.5%x108 cells mL* MS 1000 pg L ~70-90% ~10%0-11 g BAM cell* min?
Degradation Column ~10° cells mL* Groundwater 2.7ugL?t 94-97% ~10*2 ug BAM cell* min Albers et al. 2014°%3
Degradation Column 10° cells mL? Treated 0.33ugL? ~100% (until 40 days) nd Ellegaard_Jensen 20205
wastewater in ~60% (150 days) etal.
DWTP &
Degradation Pilot-scale sand ~ 10° cells mL* Groundwater 0.13-0.22 ug L1 50% (2 days) 4 x 10 ug BAM cell'min  Albers et al. 2015°7

filter

5-11% (23 days)

(Table continues)



Degradation

Mineralization

Mineralization

Mineralization

Mineralization

Mineralization

Pilot-scale sand
filter

Pilot-scale sand
filter with
alginate matrix
Batch-flask

Batch-flask

Batch-flask

Batch-flask

Sand filter

~10% cells mL?

~10% cells mL?

2—4 x 10° cells mL?

10° cells mL™?

~10% cells mL™*

~10% cells mL*

~7 x 106 cells mL™!

10° cells mL?
107 cells mL™!

Groundwater

Groundwater

MS

MSNC

MS

Groundwater

MSNC

Soil/sand

slurry

0.19 ug L1t

0.19 ug L1t

1.5-50000 pg L

120 pg L

19000 pg Lt

19000 pg Lt

1000 pg L

100 ug L respiked
after 28 days

80% (~8days)
22% (44 days)
5% (88 days)

80% (~8days)
20% (44 days)
15% (88days)

Mineralization 15-64 %

(within 2-10 days)

BAM depletion 95.6-99.9%

3.6-7.0% (180 min)

~70-80%

(within 20-105 days)
~5% (115 days)
~50% (185 days)
>50 (24 h)

10-100% (7-56 days)

nd

nd

nd

4.4-7.3 x10° nmol C cell?!
min !

106 mol C cell day*

1017-1016 mol C cell** day!
106 mol C cell day*
5x10* ug BAM cell* min-!

Horemans et al.

Sorensen et al.

Simonsen et al.

Sjgholm et al.

Schultz-Jensen et
al.
Ekelund et al.

2017b%

200722

201251

201065

2014%

201566

* MS is medium salt solution. # MSNC is mineral salt solution with KNOs and (NHz)SO4 and N sources and glycerol as source. & DWTP is drinking water treatment plant.



Because of the high BAM-degradation potential of Aminobacter sp. MSH1, many studies
focus on its application in the bioaugmentation of sand filters in drinking water treatment
plants,?!:23.5759.62.63 Tha sand filters were initially inoculated with Aminobacter sp. MSH1 and
installed after the aerated inlet water with a fast flow.! Bacteria are supposed to adhere to the
sediments. Compared to the batch experiments with fresh suspended cultures, reported cell-
specific BAM degradation rates in such a sand filter were 10-100 times lower, which was
explained by the short hydraulic retention times because of the fast flow rate.>* In addition, one
big challenge of BAM degradation is that the degradation rate decreased with time in the long-
time purification process in sand filters.? 5 % Two possible explanations were brought
forward by researchers. One explanation was the observed loss of inoculated bacteria from
sediments, irrespective of whether the sand filters were running with or without backwashing.*
" Due to the loss of inoculated bacteria, BAM degradation efficiency could decrease to less
than 20%, and it was reported to be difficult to maintain efficient degradation for more than
two to three weeks.>" % Compared to the sand filters inoculated with suspended bacteria, the
sand filter inoculated with immobilized bacteria in an alginate matrix showed less loss of
bacteria after inoculation. However, the final removal rates did not differ between reactors
inoculated with suspended and immobilized cells.>® The second possible explanation for the
poor long-term performance of biofilters is starvation. In the study of Horemans et al.,*® even
though the degrading biomass in the sand filters should not limit BAM degradation based on
theoretical considerations, the specific BAM degradation rates were 100-fold below
expectations, which is consistent with the observations of Sekhar et al.?!-> There, cells residing
in carbon- and nitrogen-starved biofilms for 30-60 days grew slower compared to the growth
rate of fresh cells, likely because of reduced bacterial fitness (physiological limitation).> In
general, observed degradation efficiency at low BAM concentrations was consistently smaller
compared to biodegradation at high BAM concentrations.?? When it comes to the limiting
factors determining bacterial fitness for biodegradation of BAM at low concentrations, one
limiting factor is mass-transfer limitation (detailed in section 1.2.3), which constrains the
transport process of the contaminant from the bulk solution into the bacterial cell (in this thesis
denoted as “bioavailable solution).*: 44 Another limiting factor is physiological limitations
(detailed in section 1.2.4), such as detachment or death of cells, downregulation of functional
genes or reduced activity of catabolic enzymes due to a physiological response to oligotrophic

conditions.%% 51
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This thesis hypothesizes that mass-transfer limitation and physiological limitation are
potentially responsible for the difficulty of eliminating BAM below the threshold limit of 0.1
Ma/L. Therefore, it is important to identify/distinguish the respective limiting factors in order
to optimize bioremediation approaches. In this thesis, | applied multiple analytical techniques
to investigate the limitations during the degradation of BAM. Specifically, the application of
compound-specific isotope analysis (CSIA) creates a new opportunity to probe mass-transfer
limitation and physiological limitation during biodegradation.

1.3 Compound-specific stable isotope analysis for evaluating

biodegradation of organic contaminants in groundwater

1.3.1 Theoretical and analytical basics of CSIA

Compound-specific stable isotope analysis (CSIA) is an advanced method to evaluate the
degradation processes and pathways for environmental applications. The isotope value of a
substrate is usually expressed as & [%o],

R —R
5sample _ samp;e standard % 1000

standard

(L.2)

in which the heavy to light isotope ratio (e.g., *C/*C, ’N/"*N) of the samples Rsampie [-] is
calibrated by the isotope ratio of the international standard Rgianqarq [-]- For example, Vienna
PeeDee Belemnite (V-PDB) and Air-N» are the international reference standards for carbon
and nitrogen isotope values, respectively. In the lab, the carbon and nitrogen isotope values
513C and §'°N are usually calculated in relation to a lab reference gas (e.g., the CO2 gases RM
8562, and NSVEC (Ny)) in the beginning and at the end of each run.

During (bio)transformation, Kkinetic isotope effects typically favor the transformation of
substrates with light isotopes, as expressed by the corresponding isotopic enrichment factor
€ [%0],%

by /he
€= (W_ 1) x 1000 13)
in which " [umol L? s] and v [umol L? s!] are the transformation rate of heavy and light
isotopologues, respectively; "c [umol L] and c [umol L] are the concentrations of heavy

and light isotopologues, respectively.
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During (bio)transformation, molecules with heavy isotopes are transformed more slowly,
thus, they stay behind and become enriched in the remaining substrate in the bulk solution. The
relation between isotope fractionation and (bio)transformation is usually expressed as the so-
called Rayleigh equation,

R, 6,+1
= = fs
R, &, +1 (1.4)

in which isotope values at time zero, §y[%o] and time t, §; [%o] are linked to the remaining
substrate concentration fraction f [-] by ¢.

Hence, when isotope ratios increase within a concentration gradient in groundwater or
sediments, this can generally provide direct evidence of natural transformation of a compound,
such as of turnover of sulfate,5” 8 nitrate,®® or methane’® in redox gradients, or degradation of
organic pollutants (e.g., BTEX, chlorinated ethenes, pesticides, and herbicides)’*"® at

contaminated sites.

1.3.2 Does diffusion and hydraulic dispersion induce isotope fractionation
of organic compounds at natural isotopic abundance in aqueous

systems?

Even though diffusion- and/or dispersion-induced isotope fractionation was previously
considered to be negligible,” "®-® this has been challenged by many studies which reported
valid diffusion induced isotope fractionation with isotopically labeled compounds,” such as
deuterated toluene with enrichment factor € = -37 %o, and deuterated ethylbenzene with & = -
43 %o."

However, rare studies focused on the diffusion-induced isotope fractionation with organic
compounds at natural isotopic abundance in the aqueous phase. Small isotope fractionations
induced by diffusion in the aqueous phase have been observed in CO2,2° methane," 8 and
chlorinated ethenes® (with & between -0.22%o and -2.23%o). In addition, Wannner and
Hunkeler®® reported diffusion induced isotope fractionation of TCE and 1,2 DCA at natural
isotope abundance, with €.4rpon = -0.22 %o, Ecniorine = -0.37%0 for TCE, and €.4ppon = -
0.23 %o, Ecniorine = -0.61%0 for 1,2DCA. Jin and Rolle also observed distinct isotope

fractionation of TCE (g.p10rine = -1.79 %o) and cis-DCE (gcp10rine = -0.65%0).”% 838 However,
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the organic compounds at natural isotopic abundance in these studies have relatively higher
mass ratio between heavy isotopologues and light isotopologues. A study of organic
compounds at natural isotopic abundance with relative smaller mass ratio of heavy and light
isotopologues has not yet been completed. Therefore, it is necessary to re-examine the isotope
fractionation by diffusion and dispersion for organic compounds at natural isotopic abundance.

In order to better understand the underlying theories of the potential isotope fractionation
during molecular diffusion in the aqueous phase, various theoretical models that describe the
mechanisms of aqueous-phase diffusion and the correlated mass dependence during diffusion

are introduced below.

Stokes-Einstein relation

The Stokes-Einstein relation is the most common basis for estimating diffusion
coefficients. In the Stokes-Einstein relation, Einstein assumed that the diffusive particles were
small rigid spheres that diffuse in a continuum of solvent, and that there is a force acting on the
particle.®488The diffusion coefficient D[m? s*] was derived as,

kgT — kgT
- fr - 6mnR; (1.5)
in which £. [kg s?] is the friction coefficient of the solute, kz [J K] is the Boltzmann’s

D

constant, T [K] is the temperature, n [kg m™s™] is the dynamic viscosity of the solvent, R; [m]

is the radius of the species.

In the Stokes-Einstein relation, the diffusion coefficient is inversely proportional to the
viscosity and solute size. However, this relation only holds for a liquid with a small Reynold
number. When the solute radius is much smaller (e.g., 5 times smaller) than the solvent radius

or if the viscosity is very high, the relation will not be adequate.8®

Chapman-Enskog relation

The Chapman-Enskog relation was originally derived to estimate the diffusion coefficient
of molecular hydrodynamic motion in dilute gases. This relation assumes simple molecular
interactions involving collisions between only two molecules at a time.® % It was further
extended to describe the binary collision dynamics during the diffusion of a solute particle in a
dense hard-sphere fluid where the solute particle is also treated as a single hard-sphere.® 9!

The diffusion coefficient depends on the solute-solvent size ratio and mass ratio:
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o 3 1 _(kBT)°-5
8pR5 gio(R; + Ry) \2mp (1.6)
in which p [kg m-is the solvent density, R, [m] is the radius of the solvent particle, R; [m] is
the radius of the solute particle, g;, is the radial distribution function, kg [J K]is the Boltzmann
Ma

constant, p is the reduced mass u = ﬁ [kgl, where M, [kg] and Mg [kg] are the molecular
A B

masses of the solute and the solvent, respectively.

Furthermore, a similar empirical equation was given by Woch et al.,%? where the diffusion
coefficient was assumed to be inversely proportional to the molecular mass of the solute with

a power low exponent of 0.53.

Wilke-Chang relation

To further evaluate the effect of solvents properties on the diffusion coefficient, Wilke and
Chang® derived an equation based on the Stokes-Einstein relation that depends on the solute

molar volume correlated with solvent properties:

D 7.4-10712(xM)%5T
nvyoe (1.7)
In addition to solvent viscosity n [kg m™s], molar volume [m® mol™] of the diffusion species
i, and the effective molar weight of the solvent xM [kg mol] are considered, where x [-] is an

empirical solvent parameter (x = 1 for water).8%

Maxwell-Stefan relation

The Maxwell-Stefen relation was originally derived as a dynamical theory for the diffusion
of gases.®* However, it was also applied to study the diffusion process in the aqueous phase.®”
% The Maxwell-Stefen relation describes the velocity distribution among molecules under a
chemical potential gradient.®* % The force on the molecules is expressed in terms of the
chemical potential gradient, which is balanced by the coefficient of viscosity or frictions
between diffusing species.®* % Instead of assuming molecules as hard elastic bodies acting on
each other,® it assumed that the molecules are the bodies repelling each other at a distance,
and each molecule is undergoing motions like translation, rotation, and vibration. The diffusion
coefficient showed mass dependence of the molecular masses of both the solute and the solvent

molecules.?’
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Einstein relation

In contrast to other deterministic relations, the Einstein relation is derived from a
statistic/probabilistic perspective. In the Einstein relation, the diffusion coefficient depends on
the probability of the Brownian particle experiencing a certain displacement in a given time ¢,
based on the assumptions that this time interval is small but not too small so that (i) the
movements of one particle at two intervals can be independent and (ii) the movement of every
single particle is independent of other particles:

_ A
T2t (1.8)
in which Ax [m] is the mean displacement which a particle moves on an average and ¢ [s] is a

given time. However, the Einstein’s theory cannot accurately describe a solute molecule’s
trajectory on “time-scale”, because the motion of a solute molecule is on a small spatial-

temporal scale.®®

Langevin relation

The Langevin relation is a stochastic differential equation to describe the random trajectory
of a single solute molecule within the solvent. It departs from Newton’s Second Law for the
solute molecule. The key assumption is that the force acting on a single solute molecule arises
from collisions between the solute molecule and the much smaller solvent molecules. The force
is the sum of the drag force—which is proportional to the molecule’s velocity but has an
opposite direction—and a randomly fluctuating force which is proportional to Gaussian white
noise.”® When the time interval is large, the Langevin relation converges with the Einstein
relation and there is no mass dependence of diffusion coefficient in Langevin’s equation. When

it is on a short time scale, the diffusion rate shows mass depence.?’

Mode-coupling theory analysis

In the Mode-coupling theory analysis, the diffusive motion of a solute molecule is coupled
with long-term hydrodynamic motions and short-term binary collision motions.®” % The
diffusion coefficient was derived from the total friction that is contributed from binary collision
and density dynamics. The pair potential of solvent-solvent molecules and solute-solvent

molecules was described by the Lennard-Jones potential.
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Molecular dynamic simulation

In contrast to the models above, which mainly consider the intermolecular
forces/interactions during the diffusion processes of solute molecules in the aqueous phase,
molecular dynamic simulation has the advantage of also simulating the behavior of every single
atom inside the molecule and including intramolecular forces.®’: % The long-range interactions
between atoms are usually considered as coulombic interactions by assigning partial charges
to each atom, and the short-range interactions between the pair atoms are described as Lennard-
Jones potential which depends on particle mass.8”*® This model was also able to consider the
potential energy of each bond, angle, and dihedral in each solute molecule, which represented

stretching, bending, and torsional energy between two bonded atoms.

Even though these models proposed various theorical explanations for molecular diffusion
in the aqueous phase, the mass dependence of aqueous-phase diffusion in these models is not
constant. In addition, for organic compounds, the rarely observed large diffusion-induced
isotope fractionation with strong mass dependence challenges the diffusion theories based on
strong mass dependence. Therefore, in section 2.1, | evaluated the mass dependence of organic
compounds at natural isotopic abundance during aqueous-phase diffusion and dispersion by
calculating the correlation between mass ratio of heavy to light isotopologues and the observed
isotope fractionation; and proposed potential theoretical explanations for aqueous phase

diffusion of organic compounds at natural isotopic abundance.

1.3.3 Can we use CSIA to identify mass-transfer limitation as the
bottleneck of biodegradation of organic micropollutants and follow

the changing degradation activity in a groundwater system?

When we assume that physical factors (e.g., diffusion, dispersion, or sorption) do not
significantly interfere with or induce isotope fractionation, the increased isotope fractionation
within a concentration gradient in groundwater or sediments usually indicates the natural
transformation of a compound;*®® conversely, the absence of isotope fractionation in a

concentration gradient is commonly taken as evidence of the absence of turnover.

However, isotope fractionation only follows the Rayleigh equation when the enzyme
reaction is the rate-limiting step (enzyme reaction rate << mass-transfer rate of the substrate

through the cell membrane). In this case the heavy isotopes that are discriminated against by
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the enzyme reaction will diffuse out of the cell and make this isotope effect visible in the bulk
solution. (Figure 1.2a) In contrast, if the mass transfer is limiting (mass-transfer rate «
intracellular enzymatic reaction rate), both heavy and light isotopologues, once transferred into
the cell, will be completely degraded such that the isotope fractionation of the enzymatic
transformation will be masked in the bulk solution (Figure 1.2b).** This masked isotope
principle has been recognized in photosynthesis,'® denitrification,®> 1% and sulfate
respiration,® %through the observed muted isotope fractionation at low concentrations. In
addition, evidence is accumulating that a dramatic decrease of isotope fractionation may occur
specifically at low concentrations during biodegradation of organic micropollutants, when
extracellular substrate concentrations decrease below a threshold close to the Monod or
Michaelis—Menten constants of growth or enzymatic turnover, respectively.*® % 105106 Tapje
1.3 summarizes the observed masked isotope fractionation due to mass-transfer limitation

during biodegradation of organic contaminants.

(b)
@ (&
No mass-transfer limitation With mass-transfer limitation
& &
:O / :?_7 turning point
HDD '_‘DD \
£ <
2 2 /
o o
£ > £ >
decreasing concentration decreasing concentration

Figure 1.2. Isotope fractionation with decreasing concentration during biodegradation under the

hypothesis of (a) no mass-transfer limitation and (b) with mass-transfer limitation.

The masking effect of mass-transfer limitation through the cell membrane on isotope
fractionation has been intensively discussed in the process of microbial sulfate reduction.
Various factors such as temperature,°” 1% carbon source,'°’ sulfate supply, and reoxidation of
intermediates'®® have been shown to be relevant to the broad variation of sulfur isotope
fractionation during microbial sulfur reduction in laboratory and field studies. The mechanisms
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by which these factors influence isotope fractionation generally converge to the evaluation of
the balance between mass transfer of sulfate through the cell membrane and net sulfate
respiration rates. Indeed, isotope fractionation in sulfate reduction was found to show a
concentration dependence and to decrease concomitantly with decreasing extracellular sulfate
levels.®® At low concentrations, when uptake of sulfate is only limited by extracellular sulfate
concentrations, forward reactions proceed as fast as sulfur is supplied, and no backward flows
are established.'% In addition, Habicht et al.}!° inferred that the cell demands more energy for
sulfate transport into the cell at sulfate concentrations below 300-400 pumol L than it does at
higher concentrations. In the study of Crowe et al.,''! they inferred that the shift of sulfate
reduction from organic matter limitation to sulfate limitation is the reason for the muted

fractionation at low concentrations.

Table 1.3 Overview of the studies on mass-transfer limitation through the cell membrane with masked

isotope fractionation during biotransformation

Compounds Experiment Bacteria Transporttype  Isotopes Concentration *& [%o] Reference
Setup [ma/L]
atrazine Batch Polaromonas sp.  passive C 30-1.4 -35 Ehrl, et al.,
Nea-C-cell™ N 30-1.4 -1.9 201816
atrazine Chemostat Arthrobacter passive C 82 -5.36 Ehrl et al.,
aurescens 62 -4.32 2019%
TC10) 45 -2.12
32 -2.32
N 62 1.94
45 1.04
32 1.27
atrazine Chemostat Arthrobacter passive C 30 -4.34 Kundu et al.,
Retentostat aurescens C 12 -0.45 2019%
TC1®
atrazine Batch Rhizobium active C 30-1.2 -1.8 Chen, etal.,
sp.CX-ZMN) N 30-1.2 0.8 201912
atrazine Batch Rhizobium active C 9.5 -3.5 Chen, etal.,
sp.CX-ZMN) 202013
2-(2,4-dichloro-  Batch Sphingobium active C 47000 -0.3 Qiu, etal.,
phenoxy)- herbicidovorans 2014114
propionic acid MH®M)
Tetrachloroethyl  Batch Sulfurospirillum - C 83000 0.42 Nijenhuis, et
ene (PCE) multivorans®™ al., 2005
Nitrate Batch Multiple passive N 120-2200 10-15 Kritee, et al.,
strains” 2005

() Gram positive bacteria. ™ Gram negative bacteria.
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Furthermore, recent chemostat and retentostat experiments revealed a dramatic decrease
in isotope fractionation during biodegradation of atrazine by strain Arthrobacter auresens TC1
when atrazine concentration of 30 ug/L and low growth rate were approached.*® > However,
chemostat and retentostat are both controlled liquid culture systems where bacteria were
suspended at relatively high cell density in pure liquid culture® rather than colonized on
sediments where they more realistically mimic true adaptation to environmental conditions.
Hence, the question remains whether an onset of mass-transfer limitation can indeed be
observed in a realistic concentration gradient in porous media; if yes, in which substrate
concentration range. Therefore, my thesis has the objective to explore the mass-transfer
limitation during biodegradation of an organic micropollutant by using CSIA as a performance
indicator in a bench-scale aquifer mimicking realistic porous media and, further, to follow the
response of the degradation activity in a flow-through sediment system and to pinpoint

underlying limitations at different concentrations.

Several models have been developed to explain the concentration dependence of isotope
fractionation due to mass-transfer limitation, especially in the field of sulfate reduction. The
standard model from Rees 1 related isotope fractionation to sulfur exchange rate between the
extracellular sulfate pool and the intracellular sulfate pool, and to the exchange rate between
the intracellular intermediate pools. For an open system, Crowe et al.*!! developed a reaction-
diffusion model, in which a linear decrease of sulfur isotope fractionation factor from 1.070 to
1.000 was applied to the sulfate concentrations below 6 umol L. Wing et al.%® further
developed a quantitative model to explain the near-thermodynamic behavior of sulfur isotope
fractionation by associating kinetic sulfur isotope fractionation with selective sulfate uptake
into the cytoplasm and equilibrium between extracellular and intracellular sulfur pools.
Compared to the models above, the model from Thullner et al.** emphasizes the role of mass-
transfer limitation at low concentrations where isotope fractionation may not linearly decrease
with concentrations—as suggested by Wing et al.®® and implemented by Crowe et al.}**—but
may follow a steeper decline within a narrower range as defined by Michaelis—Menten enzyme
kinetics. This corresponds to the intuitive approach by Habicht et al.,*® who used a modified
Michaelis—Menten equation to describe isotope fractionation by relating the isotope enrichment
factor to sulfate concentration. In section 2.2 of my thesis, the mass-transfer model adapted
from Thullner et al.* was coupled into the reactive transport model to simulate the effect of
mass-transfer limitation on biodegradation efficiency and isotope fractionation at low

concentrations in a quasi-two-dimensional flow-through sediment tank system.
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1.4 Transport and degradation mechanisms of contaminants in

groundwater

To investigate the bottleneck of biodegradation of organic micropollutants in groundwater, |
set up a quasi-two-dimensional flow-through sediment tank mimicking the natural groundwater
system. The contaminant (BAM) solution was injected through the single central inlet port of
the tank, and the medium solution was injected through all the other inlet ports above and below
the central inlet port in parallel. Therefore, the injected BAM solution was considered as a point
source contaminant transported through the tank in the form of a quasi-two-dimensional plume.
The reactive transport of the contaminant plume and biomass growth were simulated with a
two-dimensional reactive transport model that quantitatively elucidates the potential
degradation bottlenecks. In this section, the general solute transport equations, Michaelis—
Menten kinetics for enzymatic reactions, and Monod microbial growth kinetics are introduced
for a better understanding of the models developed in this thesis.

1.4.1 General solute transport equations

Contaminant transport in groundwater usually takes up the form of a plume, driven by
advection and hydrodynamic dispersion, migrating with slow groundwater flow. Advection is
the main transport process in the direction of the flow, while hydrodynamic dispersion (i.e.,

mechanical dispersion and molecular diffusion) causes spreading of compounds.

The solute transport process is generally described by the following advection-dispersion

partial differential equation:’
dc;

5 = —v-Ve; + V- (Dye- Vo) + 1

in which ¢; [umol L!] is the concentration of the contaminant; D, /e [m? s7!] is the dispersion

(1.9)

tensor; v [m s™'] is the velocity vector; t [s7] is time;  [umol L's!] is the rate that represents

sinks or sources of the contaminant. The velocity v of the advective transport follows Darcy’s

law.l7,115

Ko
Ly (1.10)

in which K is the hydraulic conductivity tensor [m s?] of the system, n, is the effective

porosity [-], and h is the hydraulic head [m].
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Hydrodynamic dispersion includes both molecular diffusion and mechanical dispersion
caused by pore-scale velocity variations.!’ The standard parameterization assumes that the pore

diffusion coefficient D, [m? s'] and the mechanical dispersion Dpyecne/e [M* ] are

additive:’
Dt/t’ = Dp + Dmech,t/t’ (111)
D, = 1 D

in which the index t and ¢ refer to the transverse and longitudinal directions, respectively, and
T [-] is the tortuosity of the porous medium.

The classical parameterization 0f Dyech,¢/e 116 js compound-independent and linearly

proportional to the mean velocity v [m s™]:

Dmech,t/e = Qt/eV (1.13)
in which a , is the transverse or longitudinal dispersivity [m].
Another parameterization of transverse dispersion coefficient Dyec, ¢ Was introduced by
Chiogna et al.**’, which is a non-linear equation:

- degr

D .| S
mech.t VPe + 123 (1.14)

in which the mechanical dispersion depends on the grain-Péclet number Pe = v - d.fr/D,q.

derr [m] is the effective grain diameter.

1.4.2 Michaelis—Menten Kinetics

Michaelis—Menten Kinetics is the typical model that describes saturation-type enzyme Kinetics.
It was derived based on enzyme—compound interactions which limit the overall removal of the
substrate. Under the assumption that back reactions do not occur, the general enzyme-mediated
reaction is shown as below,

E+S oFES -E+P
inwhich E, S, ES, and P represent enzyme, substrate, enzyme-substrate complex, and product,

respectively. The reaction rate of the substrate can be written as,

dCi Ci

dr T T Tmax e (1.15)
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in which ¢; [umol L] is the concentration of substrate i, Ky [umol L] is the substrate half-
saturation constant, and 7;,,,, [Umol L s is the maximum reaction rate. When ¢; < Ky, T
is linearly proportional to c;; when ¢; > Ky, r reaches its maximum .. Figure 1.3 depicts

the hyperbolic relation between r and c;.

rm ax

0.5 Tnax

Ky 2Ky 4Ky 6Ky 8Ky G

Figure 1.3. Michaelis—Menten Kinetics

When the bioavailable concentration that enzyme experiences is equal to its bulk
concentration and saturation-type enzymatic dynamics is considered, degradation of a substrate

sometimes can be assumed to follow Michaelis—-Menten Kinetics.

1.4.3  Monod microbial growth kinetics

The common mathematical model for bacterial growth is the Monod equation which was
empirically proposed by Jacques Monod.!® The Monod equation has the same mathematical
form as the Michaelis—-Menten kinetics. We can get the Monod equation by replacing the
symbols used in the Michaelis—Menten equation—replacing u for r yields the growth rate,
replacing pmax fOr a5 Yields the maximum growth rate, and replacing K for Ky yields the
Monod constant. In the Monod equation, the microbial growth rate was related to the
concentration of the substrate c; that is critical for its growth. Like Michaelis—Menten Kinetics,

growth rate p and substrate concentration c; follow a hyperbolic relation.

In the case of dual substrate limiting growth, a modified equation (dual-Monod equation**®)

that reflects the impacts of both substrates, i and j is written as below,

Ci Cj

u=u : :
T Km t o Kiwt g (1.16)
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in which  is the specific growth rate [s], tmax i the maximum specific growth rate [s], Ky
[umol L s?] and Kjm  [umol Lt s represent the Monod coefficient of species i and j,
respectively. For example, i may be electron donor (e.g., BAM), and j may be electron

acceptor (e.g., O2).

Monod microbial growth can also be related to concentration changes of the limiting
substrate. To evaluate the degradation rate of the substrate i, yield coefficient Y (cells grown

per mole of substrate i used, [umol-biomass pmoli!]) was introduced in the equation below,*°

dCi_ ,LI,X

dt (1.17)

in which X [umol-biomass L] represents cell abundance.

In this thesis, I used Michaelis-Menten kinetics and Monod equation interchangeably

because they are mathematically identical, and both describe saturation-type kinetics.

1.5 Outline and objectives

The objective of this thesis is to investigate the limitations of biodegradation of organic

micropollutants in a bench-scale aquifer by applying CSIA. Specifically, | aimed to:

(1) quantify the diffusion- and dispersion-induced isotope effects of organic
compounds at natural isotopic abundance in the aqueous phase and porous
media for a more accurate interpretation of observed isotope values in the

reactive transport system.

(2) investigate the potential mass-transfer limitation during biodegradation of the
organic micropollutant-BAM by evaluating the relation between isotope
fractionation and concentration/biomass profiles in a two-dimensional flow-

through sediment tank system that mimics natural groundwater flow in the field.

(3) explore more effective bioremediation strategies (e.g., priming strategy,
intermediate flow fluctuation) for organic contaminants at low concentrations,
and to identify potential degradation limitations in various steady states by

applying CSIA as a biodegradation indicator.
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To achieve these goals, | designed and performed stepwise laboratory experiments with
CSIA as a crucial approach. Figure 1.4 illustrates the outline of the Research sections.
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Figure 1.4. Outline of the Research chapter

In order to apply the correlation between isotope values and concentrations as an indicator
for biodegradation and potential mass-transfer limitation, as a precondition, it is necessary to
exclude diffusion- or dispersion-induced isotope fractionation as artifacts that would
potentially bias data interpretation. Therefore, in section 2.1, | performed diffusion and
dispersion experiments to evaluate the potential isotopic interference from diffusion and

dispersion during contaminant transport. Although many theoretical models (as the diffusion
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theories introduced in section 1.3.2, e.g., Enskog relation) proposed that agueous-phase
diffusion was strongly mass-dependent, weak mass dependence of isotope fractionation has
been observed in many studies;®" 120121 in addition, studies on organic compounds at natural
isotopic abundance are rare. In order to quantify the diffusion-induced isotope fractionation of
organic compounds at natural isotopic abundance in the aqueous phase and the corresponding
mass dependence, | conducted modified Stokes’ diffusion cell experiments with organic
compounds with various molecular masses at natural isotopic abundance. For the study on the
isotope effect of transverse dispersion in porous media, abiotic quasi-two-dimensional flow-
through sediment tank experiments were conducted with toluene, BAM, and metolachlor at
natural isotopic abundance. To further investigate the potential significance of transverse-
dispersion-induced isotope fractionation, 1 compared modeling scenarios with different

transverse dispersion equations.

In section 2.2, CSIA was applied to evaluate biodegradation efficiency and potential mass-
transfer limitation after evaluating the diffusion- and dispersion-induced isotope effects of
organic compounds at natural isotopic abundance in section 2.1. Even though the onset of
mass-transfer limitation through the bacterial cell membrane at low substrate concentrations
has been observed in the artificially controlled liquid culture systems (e.g., bench, chemostat),
whether mass transfer inhibits micropollutant biodegradation in realistic groundwater
sediments has not been verified by direct observation. To mimic natural groundwater flow, |
set up a quasi-two-dimensional flow-through sediment tank system. By injecting the BAM
solution at the central inlet port, transverse concentration cross-gradients of BAM can generate
from the center of the plume towards the top and bottom regions of the tank where low steady-
state concentrations can be yielded, mimicking the oligotrophic conditions in groundwater. To
pinpoint the threshold concentration range below which the onset of mass-transfer limitation
can be observed, CSIA in conjunction with concentration measurements was performed.
Furthermore, a reactive transport model that accounted for mass-transfer limitation through the
cell membrane was developed to verify and elucidate the observations (e.g., isotope values and
concentrations). By calculating the apparent isotope enrichment factors along the concentration
gradient, a threshold concentration range below which the isotope fractionation was strongly

constrained can be estimated.

In the presence of the potential limiting factors detailed in section 1.2.3 and 1.2.4, it has

been observed that the degradation rate of organic contaminant decreased with time and
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remained low at low substrate concentrations in laboratory experiments and pilot water-
treatment facilities (e.g., sand filters). In section 2.3, to stimulate the biodegradation of organic
pollutants, especially under low concentration conditions, intermediate system disturbances
(i.e., priming strategy and flow fluctuation) were implemented in the two-dimensional flow-
through sediment tank system. Based on the study described in section 2.2, the following
questions arise: (a) Can we use isotope fractionation in conjunction with other variables
(concentrations, cell numbers, metabolite/parent ratios) to follow the response of BAM-
degradation activity to perturbations? (b) Can we use isotope fractionation as an indicator of
underlying limitations when the system is operating at different quasi-steady states? Therefore,
isotope values and other variables (concentrations, cell numbers, metabolite/parent ratios) was
monitored under different steady-state conditions. The isotope analysis in different
concentration zones under different concentration conditions can be potentially used as an

indicator for mass-transfer limitation and physiological limitation.
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Synopsis

The objective of this section is to determine whether diffusion and dispersion in the aqueous

phase induce isotope fractionation of the organic compounds at natural isotopic abundance.

Firstly, diffusion experiments with benzene, toluene, ethylbenzene, BAM and metolachlor
at natural isotopic abundances were conducted in modified Stokes’ diaphragm diffusion cells.
The residual concentrations and the isotope values of the organic compounds in the lower
compartment of the cells were measured in different experimental periods. Concentrations of
benzene, toluene and ethylbenzene were measured on GC-MS, and concentrations of BAM
and metolachlor were measured on HPLC. Carbon and nitrogen isotope values were measured
on GC-IRMS. The diffusion-induced isotope fractionation of the compounds at natural isotopic
abundance in the aqueous phase was found to be negligible and the corresponding diffusion
coefficients exhibited a weak power-law or insignificant mass dependence; including reported
literature data, values of 8 were typically in the range of 0.008-0.082. In addition, a further
analysis of the relations between isotope fractionation and masses of ions, noble gases, and
labeled organic compounds from literature indicate that organic compounds should be treated
differently from ions and noble gases due to their stronger intramolecular motions (e.g.,
vibrations, rotations). Specifically, the diffusion of labeled organic compounds vs. organic

compounds at natural isotopic abundance should be treated differently.
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Subsequently, transverse-dispersion experiments with toluene, BAM, and metolachlor at
natural isotopic abundance were conducted in a quasi-two-dimensional flow-through sediment
tank system. By injecting the contaminant solution into the central port of the tank, due to
transverse dispersion, a concentration gradient from high concentration to low concentration
developed from the center towards the upper and lower boundaries of the tank. Samples for
concentration and isotope measurements were collected at steady state when concentrations
were stable. This system allowed a long-term large-volume sample collection at steady state
for isotope measurement. The transverse dispersion processes of organic contaminants at
natural isotopic abundance did not lead to noticeable isotope fractionation. This challenges the
common approach of modeling isotope data by coupling the Enskog or Worch equation to an
equation brought forward by Chiogna et al. in numerical simulations. These expressions would
greatly overestimate isotope fractionation induced by transverse dispersion, which leads to
larger predicted isotope fractionation than observed in this study.
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Magnitude of Diffusion- and Transverse Dispersion-Induced Isotope
Fractionation of Organic Compounds in Aqueous Systems
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ABSTRACT: Determining whether aqueous diffusion and dis- @? :@ @? " Diffusion AGC < -1%o

. .. . . . .. ]
persion lead to significant isotope fractionation is important for = ~
interpreting the isotope ratios of organic contaminants in {@ %@ 0? #. @g @%
groundwater. We performed diffusion experiments with modified .I; ’g :. %@ 0 3
Stokes diaphragm cells and transverse-dispersion experiments in %@ Pl %

quasi-two-dimensional flow-through sediment tank systems to
explore isotope fractionation for benzene, toluene, ethylbenzene,

2,6-dichlorobenzamide, and metolachlor at natural isotopic “nadi “‘ . .

abundance. We observed very small to negligible diffusion- and ‘ D &) : : !
transverse-dispersion-induced isotope enrichment factors (¢ < gD, ::q@’:
—0.4 %o), with changes in carbon and nitrogen isotope values o~ ' ! , ! | !

190 191 192 193 194 1

2,6-Dichlorobenzamide 95 M

within +0.5%0 and +1%eo, respectively. Isotope effects of diffusion
did not show a clear correlation with isotopologue mass with
calculated power-law exponents /3 close to zero (0.007 < 3 < 0.1). In comparison to ions, noble gases, and labeled compounds, three
aspects stand out. (i) If a mass dependence is derived from collision theory, then isotopologue masses of polyatomic molecules
would be affected by isotopes of multiple elements resulting in very small expected effects. (ii) However, collisions do not necessarily
lead to translational movement but can excite molecular vibrations or rotations minimizing the mass dependence. (iii) Solute—
solvent interactions like H-bonds can further minimize the effect of collisions. Modeling scenarios showed that an inadequate model
choice, or erroneous choice of f, can greatly overestimate the isotope fractionation by diffusion and, consequently, transverse
dispersion. In contrast, available data for chlorinated solvent and gasoline contaminants at natural isotopic abundance suggest that in
field scenarios, a potential additional uncertainty from aqueous diffusion or dispersion would add to current instrumental
uncertainties on carbon or nitrogen isotope values (+1%o¢) with an additional +1%o at most.

KEYWORDS: BTEX, Compound-specific isotope analysis, Stokes diaphragm cell, Flow-through tank system, Mass dependence,
Metolachlor, Organic contaminants, 2,6-dichlorobenzamide

Bl INTRODUCTION evidence of (bio)chemical reactions in the field. One challenge
Changes in compound-specific stable isotope values of organic is that dispersion and diffusion may .aﬁ’ect the cogcentration
—4 profiles and level out the degradation-induced gradients of the

compounds can be used to infer the extent of degradation.'
In groundwater systems, solute concentrations are influenced
by both (bio)chemical degradation and physical transport,
namely advection, dispersion, diffusion, and interphase mass
transfer.”~® While advection is the main mass transport process
in the direction of the flow, dispersion, and diffusion cause
spreading of the compounds due to the physical or chemical
variability of the system. In contrast to concentrations, isotope
ratios are thought to be little affected by hydrodynamic

isotope ratios’ while another complicating factor may be that
the diffusion coefficients of different isotopologues differ, thus
potentially causing reaction-independent isotope fractionation
by the process of diffusion itself."’

Although such diffusion-induced isotope fractionation in the
aqueous phase was repeatedly considered to be negligible,”"*
significant diffusion-induced isotope fractionation has been
reported in some studies with isotopically labeled organic

6,7,14—1 1
dispersion (including mechanical dispersion and diffusion) or compounds, ? such as deuterated alcohols (with isotope
diffusion because all isotopologues essentially undergo the —
same dilution.”™** If true, then changes in isotope values can Received: October 6, 2020 E@g{l’ﬁc[elﬂpl'ﬂﬁi‘-’l
serve as a particularly robust indicator of degradation that is Revised:  February 8, 2021 A

little affected by these physical processes. However, it can be Accepted:  February 22, 2021

challenging to adequately identify and quantify the influence of Published: March 17, 2021

dispersion and diffusion on isotope fractionation of organic
compounds when evaluating the changes in isotope ratios as
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enrichment factors & between —2.6%0 and —7.0%0),"”
benzene, toluene, and ethylbenzene (¢ between —40%o and
19%0).”'>"” By contrast, recent studies reported negligible
isotope fractionation for labeled benzene, toluene, and
cyclohexane.””*' For compounds at natural isotopic abun-
dance, finally, much smaller isotope fractionation has been
observed, such as with COZ,I‘S’22 methane,'”'® ethane,'® and
chlorinated ethenes® (¢ between —0.22%0 and —2.23%o).
Various theoretical models have conceptualized diffusion in
the aqueous phase to be driven by intermolecular or
intramolecular interactions between the solute and solvent
molecules.'***7?® A prime focus has been on the collision of
solute and solvent molecules, conceptualized as hard-sphere
particles, which is usually described by the Enskog relation (eq

1)]27
-
I
(1)

in which D, [m?/s] is the diffusion coefficient of the solute
particle in the aqueous phase, M, [Da] is the molecular mass of
the solute, and M, [Da] is the molecular mass of the solvent. If
in the dilute water phase the hydrogen-bonded water network
is assumed to act as “effective particle”,® then M, is infinitively
large so that D, M; . The resulting eq 2 is usually applied
to predict the ratio of diffusion coefficients of heavy and light
isotopes or isotopologues Dy and DJ;

aq}
H -$
Daq=[%] 5

L
Dk (M,

D,

3 0.5

MIM 2
M, + M,

0.5
)

in which My [Da] and M;, [Da] are the molecular masses of
the heavy and light isotopes or isotopologues, respectively.

However, a power-law mass dependence of isotope
fractionation with f# = 0.5 has been rarely observed for
aqueous-phase diffusion.”® For noble gases, weak or negligible
power-law mass-dependent isotope fractionation has been
observed for Ne, Kr, and Xe with f < 0.2.22%% An even weaker
dependence has been observed for ions (e.g,, Li*, Na*, Cl~, and
Br-) with # < 0.07."*°"%* Also for organic compounds at
natural isotopic abundance, observed mass-dependent isotope
fractionation was weak with 8 < 0.1 for trichloroethene (TCE),
1,2-dichloroethane (1,2-DCA), and cis-dichloroethene (cis-
DCE).*” In contrast, a much stronger mass dependence has
been observed for the diffusion-induced isotope fractionation
of labeled or%anic compounds (e.g., deuterated benzene and
toluene).”*%*

Mode-Coupling Theory Analysis and Molecular Dynamic
Simulations were brought forward to explain the weak mass
dependence of diffusion-induced isotope effects observed for
noble gases and ions."**"** These theories still conceptualize
the molecules of the solutes and the surrounding water as rigid
masses and neglect the influence of intramolecular vibrations
and rotations. The Mode-Coupling Theory assumes that

. . . « ee . . 13 .
diffusion can be explained by frictions in series, ~ i.e.,
1 1 1

, in which the collision

Friction Friction, Frictiony, 4o dynamic

collisions
term 1/Friction,jjions Would show a squared power-law mass
dependence and the hydrodynamic-motion term 1/Fric-
0Ny 4;odynamic Shows no mass dependence at all, explaining a
weaker dependence on the molecular mass, which is actually
not even a power law. Considering this shaky theoretical basis,

it is remarkable that all interpretations of experimental data

4773

have so far relied on the power-law mass dependence of
diffusion coefficients (eq 2), merely adapting the positive
exponent . On the basis of this relationship, diffusion-induced
isotope effects are hypothesized to increase in a systematic way
with increasing relative mass difference between the isotopo-
logues, where the f-value is left open for adjusting the relation
between the magnitude of diffusion-induce isotope fractiona-
tion and mass difference between the isotopologues.

If there are isotope effects on molecular diffusion, then it is
further still unclear how they scale up to dispersion, which
describes the effective mixing and dilution in flowing
groundwater. Hydrodynamic dispersion includes both mechan-
ical dispersion caused by pore-scale velocity variations and
molecular diffusion. The standard parametrization assumes
that the pore diffusion coefficient D, [m?/s] and the
mechanical dispersion D,/ [m?/s] are additive,

Dt// = Dp + Dmech,t/l (3)
1
%= 70 )

in which the index t and [ refer to the transverse and
longitudinal directions, respectively, and 7 [—] is the tortuosity
of the porous medium. In the classical parametrization,”* the
mass dependence of molecular diffusion is relevant only at very
low groundwater velocities because D,/ is believed to be
compound-independent and to scale linearly with the mean

velocity v [m/s]:
(%)

in which a,; is the transverse or longitudinal dispersivity [m],
which is supposed to depend linearly on the effective grain
diameter d.z [m] in homogeneous sand packs (e.g, @, = 3 X
d./16).>

On the basis of high-resolution transverse concentration
profiles using different tracers at different velocities, however,
Chiogna et al.*® introduced a nonlinear parametrization of the
transverse dispersion coeflicient:

Dmech,t/l = (Zt/]'ll

D + deff
p TV

~Pe + 123 (6)
in which the mechanical dispersion depends on the grain-
Peclet number Pe = v X d.q/D,q, implying that the transverse
dispersion scales with the square roots of the velocity and the
molecular diffusion coefficient at high velocities.

The latter work inspired many modeling studies to
reconsider the isotope fractionation due to transverse
dispersion in saturated porous media.'"”*”*° In such
simulations, diffusion coefficients of heavy and light isotopo-
logues were usually estimated by the Enskog”” or the Worch
relation,** implying an exponent 8 = 0.5 or 0.3 in eq 2, which
resulted in large dispersion-induced isotope fractionation in
these models.'>'*?7?%%!

This study aims at experimentally re-examining isotope
fractionation by diffusion and transverse dispersion for organic
compounds at natural isotopic abundance. We applied
compound-specific isotope analysis to investigate the diffu-
sion-induced isotope fractionation with increasing molecular
mass and decreasing mass ratio of heavy to light isotopologues
for benzene, toluene, ethylbenzene, 2,6-dichlorobenzamide
(BAM), and metolachlor in the aqueous phase. We determined
the diffusion coefficients of the heavy and light isotopologues
of each compound by conducting modified Stokes diffusion-

D, =

https://doi.org/10.1021/acs.est.0c06741
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cell experiments.® We then reconsidered the mass dependence
of diffusion-induced isotope fractionation by comparing the
theoretical models (e.g., Enskog relation) with our measured
isotope ratios and published experimental data from previous
diffusion studies on labeled organic compounds, noble gases,
and ions. To investigate the potential significance of isotopic
effects on transverse dispersion, we conducted steady-state
transport experiments in flow-through sediment tanks and
compared transverse profiles with numerical-modeling results
using the classical transverse dispersion parametrization and
the expression of Chiogna et al, coupled to the Enskog
relation.

B MATERIALS AND METHODS

Diffusion Cell Experiment. The Stokes diffusion cell is a
classical and commonly used approach to determine liquid-
phase diffusion coefficients of dissolved species.”'>*"*** We
adopted the setup of diffusion cell experiments from the design
of Wanner and Hunkeler.® The diffusion cell was separated
into upper and lower compartments (with a volume of each
compartment of 38 mL) by a silica frit in between. The lower
compartment was filled with a solution of the dissolved organic
compound, while the upper compartment was filled with
deionized water, which was continuously replaced at a
pumping rate of 10 mL/min to keep the concentration in
the upper compartment close to zero (Figure 1). Therefore,

Pump out

Pump in

Concentration gradient inside the frit

concentration

C

Jupper _2

distance (lower to upper)

magnetic plate

thickness d 2 mm
porosity ~0.5
poresize 0.1-1.6 um

>\ volumejgyer 38 mL

diamcter

35 mm

Figure 1. Setup of Stokes’ diffusion cell experiment.

the isotope fractionation in the lower compartment follows a
Rayleigh type behavior. The solution of each compartment was
well mixed by a Teflon-coated stirring bar to ensure a
homogeneous concentration distribution. Because of the
concentration gradient through the frit, the small pore size,
and the uniform composition in each compartment maintained
by vigorous stirring, diffusion is the exclusive transport process
of the dissolved organic compounds through the frit.">** The
design parameters and the estimation of the characteristic
factor of each diffusion cell can be found in Figure 1 and Table
S2 of the Supporting Information (SI). We conducted two sets
of experiments: one set with benzene, toluene, and ethyl-
benzene; and the other with BAM and metolachlor. Experi-
ments were performed in parallel for different durations; in
each experiment the concentrations and isotope values of the

4774

solution in the lower compartment were measured at the
beginning and the end of each time period.

Upon diffusion from the lower to the upper compartment
through the silica frit, the concentrations in the lower
compartment meet the following expression:®

C(t) = C(0)-e > ()

in which C(0) [mg/L] is the initial concentration in the lower
compartment of the diffusion cell, and C(t) [mg/L] is the

j%ﬂ [m™2] is the cell
“Viow

calibration factor, with ¢ [=], 7 [=], A [m?], d [m], and
View[m®] being the porosity, tortuosity, cross-sectional area,
thickness of the frit, and the volume of the lower compartment,
respectively. From this we can derive a Rayleigh-fractionation

concentration at time t [s]. ¢ =

P
equation:
R, 5+ 1 D} Cc(t)
In] —| =In| =|—] — 1| XIn[—=
R, 8o+ 1 D, c(0)
=& (8)

in which Ry [—] and R, [—] represent the isotope ratios at
times zero and f, respectively, &, [—] and §[—] are the

DH
2 —1[-]is

corresponding & isotope values [—], and & = oL
aq

the isotope-enrichment factor due to diffusion.
Flow-Through Sediment-Tank Experiment. To inves-
tigate the effect of transverse dispersion on the isotope
fractionation of organic compounds in saturated porous media,
we conducted two-dimensional flow-through sediment-tank
experiments. The setup of the tank (Figure S1) was adapted
from Bauer et al.** and is detailed in the SI. At the inlet and
outlet boundaries of the tank, 16 equally spaced ports (distance
1.0 cm) were pumped with a constant rate of 45 + 2 uL/min
per port. A solution with the target compounds (inlet solution
with BAM 400 mg/L and metolachlor 100 mg/L in the first
setup, and inlet solution with toluene 34.2 mg/L in the second
setup) at natural isotopic abundance was injected into the
central inlet port (z = 8 cm) of the tank, whereas a compound-
free solution was injected into the remaining inlet ports. We
sampled the 16 outlet ports to obtain concentration and
isotope profiles at the outflow boundary of the domain.
Sampling for isotope measurements of BAM and metolachlor
was conducted from day 5 to day 20; sampling for isotope
measurements of toluene was conducted from day 5 to day 8.
Chemicals. A list of chemicals is provided in the SL
Carbon and Nitrogen Isotope Analysis of BAM,
Metolachlor, Benzene, Toluene, and Ethylbenzene.
Samples from the tank experiments were frozen at —20 °C
immediately after sampling until enough samples were
collected for isotope analysis. For carbon and nitrogen isotope
measurements of BAM and metolachlor, the samples from the
diffusion cell experiments (40 mL) and tank experiments (1 L)
were first filtered through a 0.2 ym Nalgene Rapid-Flow filter
(Thermo Fisher Scientific, Germany) and concentrated in
ethyl acetate after solid-phase extraction as detailed in the SI
All isotope measurements were conducted on a GC—IRMS
system in which a TRACE GC Ultra gas chromatograph
(Thermo Fisher Scientific, Italy) with a DB-S analytical
column (60 m, 0.25 mm i.d.,, 1 ym film, Agilent Technologies,
Germany) was coupled to a Finnigan MAT 253 isotope-ratio
mass spectrometer through a Finnigan GC Combustion III
interface (Thermo Fisher Scientific, Germany). For carbon-

https://doi.org/10.1021/acs.est.0c06741
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Figure 2. Diffusion-induced isotope fractionations observed for benzene, toluene, ethylbenzene, BAM, and metolachlor. Panels (a—g) represent
evaluations of the isotope fractionation factor & of each compound according to the Rayleigh equation (eq 8) with 95% confidence intervals.
Dashed lines indicate 95% confidence intervals of the regression line. Panels (h—n) represent the correlation between the remaining concentration
fractionation f(C(t)/C(0)) and AS“C for each compound and AN for BAM and metolachlor. Dashed lines indicate the instrument
uncertainties of +0.5%o for carbon-isotope measurements and of +1%o¢ for nitrogen-isotope measurements. Error bars represent standard

deviations of the measurements.

isotope measurements of benzene, toluene, and ethylbenzene,
a Velocity XPT purge-and-trap sample concentrator with an
AQUATek 70 liquid autosampler (Teledyne Tekmar, Mason,
OH) was connected to the gas chromatograph. Detailed
information about the method can be found in the SL

Concentration Measurements. BAM and metolachlor
concentrations were measured using a Prominence HPLC
system (Schimadzu Corp., Japan) with a 75 X 4.6 mm? Kinetex
2.6 um C18 100 A column (Phenomenex Inc., Golden, CO).
Benzene, toluene, and ethylbenzene concentrations were
measured on a Trace DSQ GC-MS system (Thermo Electron,
Germany) equipped with a Combi PAL autosampler (CTC
Analytics, Switzerland) with a DB-S analytical column (30 m,
0.25 mm id, 0.5 ym film, Agilent Technologies, Germany).
Chloride (CI™) concentrations in the diffusion-cell experiments
were analyzed by ion chromatography (Dionex S00, Dionex,
Sunnyvale, CA). Concentrations of the conservative tracer
uranine in the tank experiment were measured on VICTOR
Multilabel Plate Reader (PerkinElmer, U.S.A.). A detailed
description of the methods is provided in the SI.

Governing Equations and Numerical Method. The
solute transport in the 2D flow-through sediment-tank was
described by the following advection-dispersion partial differ-
ential equation in two dimensions:

oC,

—v-VC, + V-(D-VC)

ot )

in which C; [umol L™'] are the concentrations of BAM with
heavy (e.g, "*C or *N) or light isotopes (e.g., *C or N),
respectively; D [m?® s7'] is the dispersion tensor; v [m s™'] is
the velocity vector; and t[s™'] is time.

4776

We compared the transverse dispersion behavior of heavy
and light isotopologues in the modeling scenarios with the
classical transverse dispersion equation (eq S) and the Chiogna
et al. transverse dispersion equation (eq 6) in MATLAB. The
solute transport process was solved in the homogeneous
domain with a spatial discretization of 1 mm in vertical
direction and 10 mm in horizontal direction by the Finite
Volume Method. Global implicit method was adopted for the
transport.

B RESULTS AND DISCUSSION

Diffusion Cell Experiments Showed Weak to Negli-
gible Diffusion-Induced Isotope Fractionation of Or-
ganic Compounds at Natural Isotopic Abundance. The
initial and final concentrations of benzene, toluene, ethyl-
benzene, BAM, and metolachlor in the lower compartment of
the diffusion cell in each of the experiments conducted over
different time periods can be found in Table S1. Concen-
trations of all organic compounds in the lower compartments
of the diffusion cells decreased with extending experimental
duration and followed eq 7 (Figure S2). Table 1 shows the
diffusion coefficients of the compounds calculated according to
eq 7, which are in the upper range of the literature values
(Table S3) within uncertainties.

Even after an extended duration of diffusion, and with target
compounds at low remaining concentrations (down to 0.1% of
initial values) carbon- and nitrogen-isotope values AS of all
investigated organic compounds fell within a range of —1%o,
which essentially coincides with the uncertainty of +0.5%o for
carbon-isotope measurements and of +1%o¢ for nitrogen-
isotope measurements, respectively (Figure 2). When isotope
enrichment factors & for carbon and &y for nitrogen were

https://doi.org/10.1021/acs.est.0c06741
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heavy isotopes in one molecule. Solid lines show the determination of /3, by a regression curve based on eq 2, where red crosses represent data
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Figure 4. Mass and mass ratio of heavy to light isotopologues of (a) methane and (b) BAM at natural isotopic abundance, and (c) deuterated and
nondeuterated toluene.

calculated based on the Rayleigh equation (eq 8), values were and metolachlor at natural isotopic abundance in aqueous
phase was weak to negligible.

smaller than —0.36%o¢ corresponding to a diffusion coeflicient
The calculated f-values of the isotopologue pairs for our

ratio for each organic compound isotopologue pair of close to
& P pologue p target compounds are without exception smaller than 0.1

1.0 (Table 1). Therefore, the observed isotope fractionation showing a similarly weak mass dependence as observed in

induced by diffusion of benzene, toluene, ethylbenzene, BAM, other studies®”'*™*® for CO,, CH,, C,H,, TCE, 1,2-DCA, and
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cis-DCE at natural isotopic abundance (Table 1). This
dependence is particularly weak when compared to much
larger f-values (ff = 0.4 to 0.5) reported for labeled toluene
and ethylbenzene”'>"* (Figure 3; note that we have omitted
stark outliers from labeled studies in this comparison, which
will be discussed later on). This raises the question of the
underlying reasons for the different behavior of labeled and
nonlabeled organic compounds.

If a mass dependence is hypothesized based on collision
theory, then diffusion-induced isotope fractionation depends
on differences in molecular mass, irrespective of the element of
the isotopic substitution by which these mass differences are
caused (eq 2). In order to illustrate two important influences,
Figure 4 shows molecular masses of isotopologues and the
mass ratios of heavy to light isotopologues of labeled and
nonlabeled organic compounds. The first, widely recognized,
influence is that compounds at natural isotopic abundance
show a much smaller relative mass difference than labeled
substances so that also the expected fractionation is much
smaller. This consequence is exemplified in the mass ratios of
My/M; = 93/92 = 1.01 for *C-substituted toluene vs My/M;
=100/92 = 1.09 for perdeuterated toluene in Figure 4c, and it
is the underlying reason for the hypothesized power law
dependence of eq 2. The second, possibly less obvious
influence is illustrated by comparing the mass and mass ratio of
heavy to light isotopologues of methane, BAM, and
perdeuterated toluene in Figure 4. Perdeuterated isotopo-
logues are clearly separated in mass from nonlabeled toluene
isotopologues, and this separation is not significantly affected
by the additional isotopic substitution of *C at natural
abundance (Figure 4c). In the case of methane (Figure 4a)
isotopologues of mass 17 at natural isotopic abundance can be
derived from substitution by either '*C or *H. Due to the low
natural abundance of *H, however, isotopologues of mass 17
are almost exclusively composed of *CH, so that also here,
mass separation can be attributed to only one specific element
(*C vs ’C, Figure 4a). Figure 4b illustrates that this is
different with isotopes of different elements in a multielement
organic compound at natural isotopic abundance such as BAM.
Here, substitution by isotopes of other elements (e.g., *’Cl,
SN lends isotopologues a higher molecular mass, even though
they may contain only '*C. Hence, isotope separation of *C vs
12C within the isotopologues can never be as sharp as that for
methane or labeled organic compounds. While this effect may
be taken into account by explicitly modeling all isotopologues
including all elements,” it is neglected by a power-law mass
dependence that concentrates on only one element. However,
Figure 3c suggests that such an approach may not even be
adequate. The diffusion isotope effects of BAM, toluene, and
methane do not follow the same trend, where toluene shows
much smaller isotope effects than expected from the regression
line between methane and BAM. This warrants a closer critical
evaluation of this widely postulated mass dependence.

Critical Evaluation of the Mass Dependence of
Diffusion-Induced Isotope Fractionation. To further
investigate the relation between diffusion-induced isotope
fractionation and the mass ratio of heavy-to-light isotopes or
isotopologues, we compared the mass dependence of organic
compounds at natural isotopic abundance, labeled organic
compounds, ions, and noble gases (Figure 3) by estimating f,
based on eq 2. To qualitatively understand the factors affecting
diffusion-induced isotope fractionation of organic compounds,
we first considered noble gases and ions as monatomic species
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with either very strong (ions), or very weak (noble gases)
solute—solvent interactions.

Diffusion of ions in water shows small isotope fractionation
(My/My > 0.95, lel < 2%o), with a very weak to negligible mass
dependence of diffusion coeffficients of f, = 0.02 + 0.01.
Strong ionic interactions between water molecules and charged
ions lead to an intimately bound solvation shell around the
ions.>! Hence, collisions between ions and surrounding water
molecules are not expected to directly lead to translational
movement of the ion, but rather to vibrations and rotations
within the network of hydrogen bonds inside the solvation
shell.’' In contrast, for noble gases the mass dependence of
diffusion-induced isotope fractionation in the aqueous phase is
inconsistent, with f, = 0.33 = 0.13 when all data are included.
For indiviual isotope pairs of Ne, Kr, and Xe, the determined
P-values vary between —0.09 and 0.192,°*°***” whereas Ar
showed an inconsistent mass dependence with # = 0.508 in the
study of Tyroller et al.>® and 8 = 0.035 and 0.037 in the study
of Tempest and Emerson*® and Seltzer et al.*” Similar to the
strong mass dependence of Ar observed by Tyroller et al.,** the
p-value of He reported by Jihne et al.*” is also high (8 =
0.486). Since noble gases are monatomic gases without the
formation of ionic or hydrogen bounds with water, the picture
of collisions between simplified hard spheres (i.e., solute and
solvent molecules) in the Enskog relation seems to be
appropriate at first sight. However, the weak mass dependence
of Ne, Kr, and Xe isotope fractionation and the contradictory
mass dependence of Ar put this picture into question.
Molecular-dynamic simulations have suggested that the
coupling of short-range and long-range interactions may lead
to the weak mass dependence of Ne, Kr, and Xe; while
quantum tunneling might be the reason for the strong mass
dependence of He'*”"*® and the mass dependence of Ar
diffusion-induced isotope fractionation is still under debate.

Among the labeled organic compounds (Figure 3a),
deuterated isopropyl alcohol (IPA) and tert-butyl alcohol
(TBA) showed comparatively low diffusion-induced isotope
effects. In contrast to benzene, toluene, or ethylbenzene
(Figure 3a), these alcohols can form hydrogen bonds resulting
in strong interactions with water molecules. In a similar way as
with ionic interactions of dissolved ions (Figure 3f), such
strongly directed interactions in the solvent shell may compete
with the short-range interaction following the Enskog relation
so that they weaken the mass dependence of diffusion. In this
light the data in Figure 3a suggest that a power-law
dependence on molecular mass may not necessarily be
observable across all organic molecules. Instead, the com-
pound-specific ability to undergo specific interactions with
solvent molecules (dependent on functional groups) may be an
important factor unaccounted for in the Enskog relation.
Another compound-specific factor that is not considered are
molecular vibrations and rotations. In collision theory, organic
molecules are treated as single solid balls, even though they
consist of multiple atoms and bonds. Each molecule has its
degree of freedom which is the sum of translation, rotation,
and vibration modes. Treating a polyatomic molecule such as
toluene like a noble gas is therefore a gross simplification, even
though it may have a similar molecular mass (e.g, Kr: 84,
toluene: 92). While for Kr every collision leads to a (short-
range) translational movement, collisions of toluene may excite
rotations and vibrations instead, which do not result in
molecular diffusion. Hence, omitting vibrations and rotations is

https://doi.org/10.1021/acs.est.0c06741
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likely a further confounding factor to the simplified description
by eq 2.

Finally, stark outliers have been reported for labeled
molecules, where the inconsistent diffusion-induced isotope
fractionation of labeled benzene and toluene in different
experimental setups stand out. Rolle et al.'® observed
significant normal diffusion-induced isotope fractionation for
labeled toluene and ethylbenzene, and reverse isotope
fractionation for labeled benzene, whereas Kopinke et al.”
reported negligible isotope fractionation of labeled benzene,
toluene, and cyclohexane and hypothesized that the different
solvent matrix (aqueous diffusion in agar gel vs water) may
induce the contradictory mass dependence. Presently, it is
difficult to explain this inconsistency—future studies may
explore whether it can be traced back to specific features of the
experimental setups, or even to measurement protocols, the
linearity and accuracy of which are not as stringently
established for GC—MS as for GC—IRMS. Currently it can
therefore be concluded that perdeuterated compounds appear
to be poor models for studies of aqueous diffusion of organic
compounds at natural isotopic abundance.

For organic compounds at natural isotopic abundance
(Figure 3b, c), in contrast, a comparatively consistent picture
emerges: f-values are generally smaller than 0.1 and the fitted
By of 0.04 indicates a weak to negligible mass dependence.
Specifically, the enrichment factor of the diffusion-induced
isotope fractionation lel is smaller than 1%o0 when M; /My >
0.98. Only CO,, methane, and ethane are reported to exhibit
higher enrichment factors due to the large mass difference
between heavy and light isotopologues, and the negligible
interference by isotopes of other elements (disscussed in
Figure 4). In summary, our critical discussion of the mass-
dependence of isotope fractionation provides multiple argu-
ments as to why a power law with # = 0.5 as expressed in the
Enskog relation is not adequate for organic compounds at
natural isotopic abundance. First, as discussed in the
Introduction, this relationship is inconsistent with the Mode-
Coupling Theory. Second, solute—solvent interactions and,
third, intramolecular movements are neglected. Fourth, the
equation applies to multiatomic isotopologues rather than
isotopes. Threrefore, data from compound-specific isotope
analysis by GC—IRMS cannot be directly evaluated. Finally,
our considerations show that data on labeled compounds
cannot be extrapolated to model substances at natural isotopic
abundance. In particular, an exponent of f = 0.5 is not
adequate and would lead to a gross overestimation of diffusion-
induced isotope effects. In contrast, our data obtained with
BTEX contaminants and pesticides, which all contained at least
6 carbon atoms per molecule, gave very small *C/"*C and
SN/™N isotope effects of aqueous diffusion: between —0.1%o
and —0.4%o. This magnitude is in agreement with Bc/2C
effects between —0.2%0¢ and —0.3%o determined by Wanner
and Hunkeler’ in the same Stokes cell setup for diffusion of
representative chlorinated groundwater pollutants (trichloro-
ethylene, dichloroethane, and dichlor01r1ethane).6’45 In combi-
nation, these data put an upper limit of about —0.2%o to
—0.4%o to the magnitude of aqueous diffusion isotope effects
to be expected for typical pollutants at contaminated sites
including petroleum and chlorinated hydrocarbons (but not
natural gas constituents such as methane, ethane, etc.). Under
these boundary conditions, simulations of Wanner and
Hunkeler for low permeability sediments (aquitards) suggest
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that the resulting diffusion-induced changes in 5"*C-values
would be below A8C = 1.5%0.°

Two-Dimensional Flow-through Sediment Tank Ex-
periments Showed Negligible Isotope Fractionation by
Transverse Dispersion. Figure 5 shows the steady-state,
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Figure 5. Measured concentrations, 5°C- and §'*N-values of BAM
and MET, and §"3C-values of toluene at the outlets of the tank. Dash-
dotted lines indicate fitted numerical simulations for conservative
transport. Error bars represent standard deviations of the measure-
ments. Color zones with dashed lines represent +0.5%o uncertainty
for the standard C isotope values and +1%o uncertainty for the
standard N isotope values.

conservative, transverse profiles of concentrations and isotope
values of BAM, metolachlor, and toluene in the outflow of the
flow-through tank. The transverse concentration profiles meet
the expected Gaussian distributions. The fitted transverse
dispersion coefficients of BAM, metolachlor, and toluene were
2.99 X 107° m%/s, 2.94 X 107 m?/s, and 1.72 X 10~ m?/s,
respectively. Additional modeling parameters can be found in
Table S4.

As shown in Figure S, the §°C- and §"N-values of BAM
were in the range of —29.6%o0 to —29.0%0 and —11.7%0 to
—9.3%o, respectively, the §"*C and 6'°N values of metolachlor
were in the range of —29.3%0 to —28.6%0 and —3.4%o to
—1.4%o, respectively, whereas the §'*C-values of toluene were
in the range of —26.9%0 to —26.3%o. In general, the absolute
difference between the observed isotope values and the
standard isotope values of the target compounds was smaller
than 0.5%oc for carbon, and smaller than 1%o for nitrogen.
Thus, we did not observe significant isotope fractionation
induced by transverse dispersion that was above the
uncertainty of the analytical methods (0.5 for carbon or

https://doi.org/10.1021/acs.est.0c06741
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+1%o for nitrogen, respectively), even at very small
concentrations (Coyger/ Cintee < 0.1%o0) at the top and bottom
of the tank. This observation is consistent with previous
observations of negligible BAM isotope fractionation by
transverse dispersion in a mesoscale aquifer model.**

B ENVIRONMENTAL SIGNIFICANCE

The parametrization of Chiogna et al. leads to a square-root
dependence of the transverse dispersion coeflicient on the
diffusion coeflicient at high velocities, which predicts
significant isotope fractionation by transverse dispersion if
the diffusion coeflicient is assumed to be strongly mass
dependent. Numerous published solute-transport mod-
els' 137394 coupled the parametrization of Chiogna et al.
to the Enskog or Worch equations to compute the
isotopologue-specific transverse dispersion coeflicients of
organic contaminants. In combination with the use of labeled
substrates, f-values as high as 0.5 (e.g, f = 0.53 for PCE,*
ethylbenzene,”® and deuterated ethylbenzene'”) were assumed.
For a critical re-evaluation in the light of this study’s evidence,
we simulated the expected isotope fractionation in advective-
dispersive transport of heavy and light isotopologues of BAM.
They were treated as distinct species with different diffusion
coefficients following eq 2 in the 2D flow-through system in
two scenarios using (a) the classical linear equation (eq $), and
(b) the Chiogna et al. equation (eq 6) to parametrize the
transverse dispersion. We used f-values of 0.01, 0.1, and 0.5
and showed the computed dispersion-induced isotope
fractionation in Figure 6. Both scenarios showed negligible
isotope fractionation (IASl < 1%0) when the mass dependence
of the diffusion was weak (8 = 0.01). As expected, the
computed isotope fractionation induced by transverse
dispersion was larger and more sensitive to p-values in
scenario (b) with the Chiogna et al. parametrization than in
scenario (a).

In addition, we simulated isotope fractionations Ad,,,, at the
outmost vertical outlet port of the tank system induced by
transverse dispersion as a function of # and the mass ratio of
heavy-to-light isotopologues M;;/M; (Figure S3). Consistent
with the simulations in Figure 6, the Ad-values predicted by
the parametrization of Chiogna et al. (Figure S3a,c) are about
twice as large as those predicted by the classical equation
(Figure S3b,d). The results also indicate that both scenarios
predict very large isotope fractionations when a f-value of 0.5
is assumed; for My/M; = 1.05, Ad = —25.4%o using the
classical parametrization, and with A§ = —66.7%o using the
Chiogna et al. parametrization. As such strong isotope
fractionation has not been observed, these results strengthen
the point that the Enskog and Worch relations with = 0.5 or
0.53 greatly overestimate the isotope fractionation induced by
diffusion and transverse dispersion.

In contrast, our diffusion experiments, the other studies
presented in Figure 3, and the results from our tank
experiments suggest that the mass dependence of diffusion
coefficients is weak or negligible, especially for organic
compounds at natural isotopic abundance. Available data
(Table 1) suggest that organic compounds at natural isotopic
abundance show small to negligible diffusion- and dispersion-
induced isotope effects with isotope enrichment factors & <
—0.4%0. With ¢ < —0.4 %o, the simulated AS in our tank
system (with D, = 2.99 X 10~ m?/s) is smaller than —1.2%o
even using eq 6 from Chiogna et al. (Figure 6, red zone). For
the simulation at even lower remaining concentrations (Cyyey/
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Figure 6. Simulated isotope fractionations A5"*C or A§"N induced
by transverse dispersion at different outlet-to-inlet concentration
ratios C,ugey/Cinter using different f-values and e-values. Solid lines:
with classical linear parametrization of transverse dispersion; dashed
lines: with nonlinear parametrization by Chiogna et al.; we used light
and heavy isotopologues of BAM (M = 190.02 Da, M = 191.02 Da)
as the target compounds, with D;= 6.08 X 107 m?/s. Both
dispersion scenarios with the transverse dispersion coefficient D,
2.99 X 107 m?/s fitted to the experimental concentration data, with
the effective grain size d g = 1.0 mm in the classical equation, and d.¢
= 2.5 mm in eq 6 from Chiogna et al. Gray zone represents the +1%o
tolerated standard deviation of the original standard isotope value.
Red zone represents the isotope fractionation range predicted using
eq 6 from Chiogna et al. with ¢ = —0.1 (gray dotted-dashed line) and
—0.4%o¢ (black dotted-dashed line).

Cinet = 107'; Figure S4, simulation with D, = 1.5 X 107 m*/s)
the estimated AS (with € = —0.4%0) was smaller than —1.8%¢
using eq 6 which was consistent with the carbon isotope
change below 1.5%c¢ of TCE aqueous diffusion in low
permeability sediments estimated by Wanner and Hunkeler.®
We note, however, that such residual concentrations would
come to lie below the sensitivity of current compound-specific
isotope analysis. On the basis of the results from this and other
studies,”'>* we therefore recommend that conservative
interpretations of CSIA field data may be accomplished if an
additional uncertainty in carbon isotope values of +1%o is
considered in addition to the present analytical uncertainty of
+2%o suggested by EPA.*’ This would apply to contami-
nations by chlorinated solvents and gasoline contaminants (but
not natural gases such as methane or ethane) and would be
adequate to consider the effect of aqueous diffusion and
dispersion (but not the influence from sorption, volatilization
or gas phase diffusion). Compared to recent predictions from
simulations'>'”*”*%*" this significantly reduces uncertainties
and enables more reliable interpretation of CSIA data in the
field (e.g, source identification or discrimination, assessment
of degradation).
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Supporting Environmental Section

Chemicals

The following chemicals were used: benzene, toluene and ethylbenzene from Riedel-de Haén,
supplied by Sigma Aldrich, Germany, 2,6-dichlorobenzamide (Sigma Aldrich, Germany), s-
metolachlor (Chemos GmbH &Co. KG, Germany), potassium chloride (Sigma Aldrich,
Germany), uranine (Sigma Aldrich, Germany), and sodium hydroxide (Sigma Aldrich,

Germany).
Setup of the two-dimensional flow-through sediment tank experiment

The setup of the two-dimensional (2D) flow-through sediment tank experiment (Figure
S1) was adapted from Bauer et al'. The tank was built with two glass sheets fitted into the
frame made of teflon and aluminum and had the dimensions of 0.955 m x 0.185 m % 0.012 m
(L x H x W); the small width of the tank simplified the flow-through system to be two-
dimensional. Sixteen inlet and outlet ports were vertically distributed along the left-hand and
the right-hand boundaries of the tank with a 1 cm vertical distance between each port. Two
peristaltic pumps (Ismatec, Germany) with the same pumping rate (45 + 2 pL/min per port) at
the inlet and outlet boundaries established constant and homogeneous flow conditions within
the flow-through tank system. Pumping rates of the pumps with a maximum standard deviation
of 8% were calibrated before the experiments. The inlet and outlet ports consisted of stainless
steel capillaries (1/16 inch, Alltech, USA) that penetrated the Teflon at the sides of the 2D tank
which were connected at the outer side with Viton pump-tubes (ID: 1.02 mm; Ismatec,
Glattbrugg, CH) of the peristaltic pumps. At the outlet each steel capillary was in addition
covered by steel wire gauze inside the tank to prevent blockage by sands. The tank was
sterilized with 12 g/ NaOH solution and rinsed with autoclaved ultra-pure MQ water before
each experiment. Autoclaved sands (diameter 0.8-1.2 mm in the BAM and metolachlor
experiment, diameter 0.4-0.8mm in the toluene experiment, MKK Mairkische Kies- und
Kalksandsteinwerke GmbH, Germany) were homogeneously wet packed into the tank. A
solution containing the target compounds (BAM 400 mg/L, metolachlor 100 mg/L and toluene
34.2 mg/l) at natural isotopic abundance was introduced through the central inlet port (z = 8
cm) of the tank, and the medium solution was pumped in through the rest of the inlet ports.
Sampling of BAM and metolachlor were assessed by collecting samples from the 16 outlet

ports; sampling of toluene was carried out with a syringe pump (Ismatec, Germany). Sampling
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for the isotope measurements started when steady-state conditions had been established. For
BAM and metolachlor sampling was conducted from day 5 to day 20; for toluene sampling

was conducted from day 5 to day 8.
Sample preparation and solid-phase extraction (SPE)

Samples from tank experiments were frozen at -20 °C immediately after each sampling
until enough sample volume was collected for isotope analysis. For carbon and nitrogen isotope
measurements of BAM and metolachlor samples from diffusion cell experiments (40 mL) and
tank experiments (1 L) were first filtered through 0.2 puM PES filter (Nalgene Thermo

Scientific, Germany) and then were concentrated by SPE.

The SPE method was adapted from Torrentd et al>. 0.2 g hydrophobic polymer-based
sorbent Bakerbond SDB-1 (J.T. Baker, USA) was self-packed in the 6 mL empty PP SPE
cartridge with PE frit (20 um pore size; Sigma Aldrich, Germany). The SPE steps are illustrated

in the figure below.

Column Sample Impurities Drying Elution
conditioning loading washing

3 mL Ethyl acetate sample with 2 x 3 mL MiliQ water 120 mins 3 x 1 mL Ethyl acetate
© B

AM
2 x 3 mL Methanol * Metolachlor (Elute BAM and

2% 3 mL MiliQ water © 'mpurities Metolachlor)
& ) ) &
4 8 s

Figure 1 SPE steps

Concentration measurements on HPLC-UV-DAD

BAM and metolachlor concentrations were measured on Prominence HPLC (Shimadzu
Corp., Japan) with a 75 x 4.6 mm Kinetex 2.6um C18 100 A column and a SecurityGuard
ULTRA cartridge for C18 UHPLC (both from Phenomenex Inc., Golden, CO). The volume of
injected sample was 50 pL. Separation was performed with a binary gradient flow rate of 1
mL/min at 40 °C. The mobile phase A was a 5 mM KHxPO4 (pH 7) buffer solution, and the
mobile phase B was pure acetonitrile. The initial mobile phase composition was 90% A and
10% B with a 4 min gradient ending with a composition of 70% A and 30% B, followed by a

4 min gradient ending with a composition of 22% A and 78% B. This composition was held
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for 2 min thereafter returning to the initial conditions in 0.5 min. BAM was detected with UV
absorbance at 201 nm, and metolachlor was detected with UV absorbance at 215 nm. All peaks

were quantified by LabSolutions V 5.71 SP2 (Shimadzu Corp., Japan).

Concentration measurements on GC-MS

The method of concentration measurements of volatile organic compounds on GC-MS
was adapted from Anneser et al.> Concentrations of benzene, toluene and ethylbenzene were
measured on a Trace DSQ GC-MS system (Thermo Electron, Germany) equipped with a
Combi PAL autosampler (CTC Analytics, Switzerland). A DB-5 analytical column (30 m, 0.25
mm i.d., 0.5 um film, Agilent Technologies, Germany) with carrier gas He at a flow rate of 1
mL/min was used for separation. 250 pL gas sample were injected at a split ratio of 1:10 in the
headspace measurement. The oven temperature started at 80 °C, where it was held for 1 min,
then increased to 140 °C at a rate of 15 °C/min, then increased to a final temperature of 220 °C
at arate of 25 °C/min and held for 1.8 min. The MS was operated in the selected ion monitoring
mode (SIM). Internal standards of fluorobenzene and 1,4-dichlorobenzene (EPA 524 internal

Standard Mix, Supelco, Bellefonte, PA) were added to the samples and standards.
Carbon and nitrogen isotope measurements on GC-IRMS

For the carbon and nitrogen isotope measurements, the samples concentrated in ethyl
acetate after SPE were measured on a GC-IRMS system in which a TRACE GC Ultra gas
chromatograph (Thermo Fisher Scientific, Italy) was coupled to a Finnigan MAT 253 isotope
ratio mass spectrometer (IRMS) through a Finnigan GC Combustion III interface (Thermo
Fisher Scientific, Germany). In addition, for carbon isotope measurements of benzene, toluene
and ethylbenzene, a Velocity XPT purge and trap sample concentrator with an AQUATek 70
liquid autosampler (Teledyne Tekmar) was connected before the gas chromatograph. The
IRMS was operated with a vacuum in the ion source of 2.1 x 10° mbar, an accelerating potential
of 9 kV and an emission energy of 1.5 mA for carbon isotope analysis and 2 mA for nitrogen
analysis. A DB-5 analytical column (30 m, 0.25 mm i.d., 0.5 pm film, Agilent Technologies,
Germany) was used in the gas chromatograph for separation. Helium (grade 5.0) was used as
the carrier gas. Samples were injected using a GC Pal autosampler (CTC, Switzerland). For the
measurements of high concentrations of BAM and metolachlor the Thermo injector in the
split/split-less injection mode was used; for the measurements of BAM and metolachlor at low

concentrations and the measurements of benzene, toluene and ethylbenzene, a programmable
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injector controlled by an Optic 3 system with liquid N>-cyofocusing (ATAS GL, distributed by
Axel Semrau, Germany) was used. BAM and metolachlor at low concentrations were measured
in the on-column injection mode in which a Rxi retention gap (fused silica, 3 m x 0.53 mm
inner diameter) (RESTEK, Germany) was connected to a custom made on-column liner,
whereas benzene, toluene and ethylbenzene were measured after purge and trap by

cryofocusing in a split injection liner.

Vienna PeeDee Belemnite (V-PDB) and Air-N, were applied to determine the carbon
isotope values 6'°C [%o] and nitrogen isotope values 5'°N [%o] of the samples. The carbon and
nitrogen isotope values 6'°C and §'°N of the samples were calculated in relation to a lab
reference gas (CO2 and N, respectively) which was measured against V-PDB and air in the
beginning and the end of each run by using international reference materials (provided by
IAEA), e.g. the CO; gases RM 8562, RM8563 for CO,, and RM 8564 and NSVEC (N») for
No.

For the measurements of BAM and metolachlor in the split/split-less injection mode, the
GC method for BAM and metolachlor started at 80 °C, and then increased to a final temperature
of 280 °C at a ramp rate of 15 °C/min, after which the temperature was held for 7 min. A
constant flow rate of 1.4 mL/min was maintained during the measurement. The method of on-
column injection was adapted from Ehrl et al.* The GC oven started at 35 °C, was held for 30
s, and then increased to 80 °C at a ramp rate of 5 °C/min to allow a complete solvent
evaporation and compound transfer from the retention gap to the analytical column. Then the
temperature increased from 80 °C to 280 °C at a ramp rate of 15 °C/min. The method in the
Optic 3 started at an initial temperature of 40 °C, which was held for 300 s and then increased
to 250 °C at a ramp rate of 2 °C/s. The column flow rate started from 0.3 mL/min, which was
held for 120 s and then increased to 1.4 mL/min within 2 min. Thus, a stable flow rate of 1.4

mL/min was established before the GC temperature program started.

The method for carbon isotope analysis of benzene, toluene and ethylbenzene on the GC-
IRMS was adapted from Qiu et al.> The GC oven temperature started at 50 °C, was held for
120 s, and was then increased to 150 °C at a ramp rate of 10 °C/min, where it was held for
Imin. Then the temperature increased with a second ramp rate of 100 °C/min to 250 °C, where
it was held for 13 min. The method in the Optic 3 started at an initial temperature -80 °C, where
it was held for 10 s, then it was increased to 250 °C at a ramp rate of 10 °C/s. The flow rate

was kept constant at 1.4 mL/min.
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Tracer test with uranine

To determine the properties of the flow system and to validate the numerical simulation of
solute transport, we conducted tracer tests with uranine before the transport experiments. For
the tracer test before the experiment with BAM and metolachlor, a 30 pg/L uranine solution
was continuously injected into the middle inlet port (z = 8 cm) of the tank, at a constant
pumping rate of 45 = 2 uL./min/port. For the tracer test before the experiment with toluene,
the pumping rate was 44 + 2 uL/min/port. The concentration of uranine was measured at the
outlets. Figure 2 shows the vertical distribution curve and the breakthrough curve of the
measured outlet-to-inlet concentration ratio of uranine C,;/C;,. The measured results were
fitted by the numerical simulation. The determined seepage velocity, and longitudinal and

transverse dispersivity can be found in Table S3.
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Figure 2 Tracer test results for the continuous injection of uranine before the flow-through tank
experiments with (a)-(b) BAM and s-metolachlor, and (c)-(d) with toluene: (a), (c) vertical
concentration distribution along the outlet profile; (b), (d) breakthrough of uranine at the central outlet

port located at z= 8 cm.
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Supporting Figures

BAM and metolachlor sampling

N in experimental set 1
Flow direction —> P

Ambient medium

utlet purqlp =
V.
T

Contaminant solution

Syringe pump for toluene sampling in experimental set 2

Figure S1 Setup of the two-dimensional flow-through sediment tank experiment
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Figure S2 Concentration change with increasing duration in the diffusion cell experiments of (a) BAM

and metolachlor (MET) and (b) benzene, toluene, and ethylbenzene.
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Figure S3 Dependence of Ad induced by transverse dispersion on the S-value and the ratio between
molecular mass of heavy to light isotopologues Mu/Mc. Ao was the maximum isotope fractionation at
the lowest concentration site along the vertical outlet profile of the tank system. Panel (a, b): simulations
for a test range of § = (0.01- 0.5) and Mu/M. = (1.001-1.099) by using classical equation and Chiogna
et al. equation, respectively; panel (c, d): simulations for organic compounds at natural isotopic
abundance for a test range of g = (0.01-0.09) and Mu/M_ = (1.004-1.063) by using classical equation
and Chiogna et al. equation, respectively. The lightest regions in the contour plots represent absolute

Ad-values smaller than 1%o. The initial isotope ratio **C/*C was arbitrarily set to be 0.0108.
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Figure S4. Simulated isotope fractionations A§*3C or A6'°N induced by transverse dispersion at
different outlet-to-inlet concentration ratios Coytjet/Cinlet USing different S-values and e-values. Solid

lines: with classical linear parameterization of transverse dispersion; dashed lines: with nonlinear
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parameterization by Chiogna et al.; dotted-dashed lines: nonlinear parameterization by Chiogna et al.

with € = -0.1 and -0.4%0. We used light and heavy isotopologues of BAM (My = 190.02 Da, M; =

191.02 Da) as the target compounds, with D, = 6.08 x 10'° m%/s. Both dispersion scenarios with the

transverse dispersion coefficient D, =1.5 x 10" m*s. Gray zone represents the +1%o tolerated standard

deviation of the original standard isotope value. Red zone represents the isotope fractionation range

predicted by using Chiogna et al. equation with € =-0.1 and -0.4%o.

Supporting Tables

Table S1 Initial and final concentrations and calculated remaining fraction and diffusion coefficient of

each compound in each diffusion cell experiment running for a different time period

Compound C(0) C(r) f t o Daq[m?/s] Daq' Daqmean STDEV Daqer
[mg/L] [mg/L] [-] [day] [m?] [m?/s] [m?/s] [m?/s] [m?/s]

Benzene 4847 2601 05366 427 1053 1.60x10°

Benzene 4847 2522 05204 427 1053 1.68x10°  1.58x107

Benzene 4847 27.64 05703 427 1053 1.45x10° L1100 3.16x1010 (X9.]4091-011.60)

Benzene 19522 3591 0.839  17.92 1053 1.04x10°  1.04x10°

Benzene 488.97 047 0.0010 7508 1053 1.02x10°  1.02x10%

Benzene 488.97 0.4l 0.0008  104.13 927  8.48x100  8.48x1010

Toluene 18.87  9.88 05237 427 1053 1.66x10°

Toluene 18.87 925 04903 4.27 1053 1.83x10°  1.67x107

Toluene 18.87 1050 05566 427 1053 1.51x10° L06x10°  4.15x1010 (Xs.l30§1-09.70)

Toluene 4199 954 02272 17.92 1053 9.09x10°0  9.09x10-10

Toluene 13581 029 0.0021 75.08 1053 9.00x10"0  9.00x1010

Toluene 13581 026 0.0019  104.13 927  7.49x100  7.49x10%

Ethylbenzene  5.76 291 0.5056 427 1053 1.76x10-10

Ethylbenzene  5.76 2.75 04778 427 1053 1.90x1010  1.74x107

Ethylbenzene  5.76 302 05421 427 1053 1.58x1010 L04X10°  4.75x]010 (X7.1805_1-09.20)

Ethylbenzene 1279 2.89 02256 17.92 1053 9.13x10°  9.13x]0-10

Ethylbenzene  50.85 0.7 0.0034  75.08 1053 8.33x10-0  833x10-10

Ethylbenzene  50.85  0.16  0.0032  104.13 927  6.90x100  6.90x10%

BAM 360.65  291.17  0.8074 397 886 7.05x10-1°

BAM 360.65  298.92  0.8288 3.97 927  591x]ol0  6.62x10°

BAM 360.65  281.33 07801 397 1053 6.88x10°1°

BAM 360.65  266.87 07400 600 886 6.56x10M0 oo

BAM 360.65 24871 0.6896  6.00 1053 6.81x10-1° 6081070 5.08¢1011 432 x 1010

BAM 360.65 21845  0.6057 990 886 6.62x10°1°

BAM 360.65  222.87  0.6180  9.90 927  6.08x1Ql0  6.48x10710

BAM 360.65 19629  0.5443 990 1053 6.76x10°1°

BAM 360.65  89.36 02478 27.02 1053 5.68x100  5.68x10-10

BAM 360.65  58.98  0.1636 4026 886 5.88x10-0  5.88x10-10
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BAM 360.65  27.87 00773 5938 927 5.39x100  539x]10-10

BAM 360.65  0.03  0.0001 10400 1773 5.86x100  5.86x10-10

Metolachlor 9337 78.14  0.8369 397 886 5.87x1010

Metolachlor 9337 7891  0.8451 397 927  5.30x100  5.70x10°

Metolachlor 9337 7535 0.8070 397 1053 5.94x10-1

Metolachlor 9337 72.92 07809 6.00 886  539x107 . . o

Metolachlor 9337 67.91 07273 6.00 1053 5.83x10-1

Metolachlor 9337 6193 0.6633 _9.90 886 5.42x10'1 S02x100  5e4xion (482-516)
Metolachlor 9337 62.99  0.6746 990 927  4.97x1070  5.36x101° 1o
Metolachlor 9337 5593 0.5990 9.90 1053 5.69x10-10

Metolachlor 9337 29.06 03113 27.02 1053 4.75x10°  4.75x10-10

Metolachlor 9337 2136 0.2288 4026 886 4.79x10°  4.79x10-10

Metolachlor 9337 13.11 01404 5938 927  4.13x10°  4.13x10-10

Metolachlor 9337 0.05 __ 0.0005 _104.00 1773 4.77x10° _ 4.77x10-10

Table S2 Estimation of the characteristic factor o of each diffusion cell, with CI" as test solute”

No.cell C(0)[g/L] C@®)[g/L] f[-] time[h] o[cm?] Omewn[m?] STDEV [m?]
new 1 3.52 3.07 0.87 22 0.08812 386 6.5

new 1 4.42 3.29 0.74 47 0.08903

new 2 4.42 3.12 0.71 47 0.10503 1053 43

new 2 3.84 1.92 0.50 93 0.10563

new 3 3.52 3.04 0.86 22 0.09444 927 253

new 3 4.42 3.27 0.74 47 0.09087

new' 4 3.48 1.25 0.36 75.2 0.19305 1773 2925
new' 4 3.35 1.59 0.48 65.3 0.16158

* Test experiments were conducted with 0.1 mol/L KCl solution. Daq.ci’ = 1.96 x 10° m?%/s

Table S3 Measured D,q of benzene, toluene, ethylbenzene, BAM and metolachlor
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Compound D,q-measured [m*/s] ~ D,q-from literature [m%s]
Benzene 11.2+3.2x 101 (9.40-11.60) x 10710 ©¢-®
Toluene 10.6 4.2 %1010 (8.34-9.70) x 10710 ©¢-®
Ethylbenzene 10.4 +4.8 x 1071° (7.85-9.20) x 101007
BAM 6.08 £0.51 x 10710 4.32 x 10710 19
Metolachlor ~ 5.02+0.56x 1071  (4.82-5.16) x 10°10 7> 1D

*Uncertainties express standard deviations.



Table S4 Parameters for transport modeling

Symbol Parameter Values Unit References
Transport parameters
V(BAM, MET) seepage velocity 1.25 [m day!]  experimental
Vi(toluenc) seepage velocity 1.16 [mday!]  experimental
dersammery  effective grain size for classical 0.001 [m] fitted
equation
detfBAM)-Chiogna  €ffective grain size for Chiogna et  0.0025 [m] fitted
al. equation
defftoluenc) effective grain size for classical 0.0005 [m] fitted
equation
® Bam,MET)  porosity 0.450 [-] experimental
D oluenc) porosity 0.434 [-] experimental
aisam, MeT)  longitudinal dispersivity 6x10* [m] fitted
toluenc) longitudinal dispersivity 2x104 [m] fitted
O4BAM, MET) transverse dispersivity 1.9x104 [m] o = degr < 3/16
i(toluene) transverse dispersivity 9.4x10° [m] o = desr* 3/16
DyBM diffusion coefficient of BAM 6.08x10°1° [m?s] diffusion experiment
DyMET diffusion coefficient of 5.02x10°1° [m?s'] diffusion experiment
metolachlor
D,gtotene diffusion coefficient of toluene 1.06x107 [m?s'] diffusion experiment
DBAM Transverse dispersion coefficient ~ 2.99x107 [m?s!] D= ;v + Dyg®
of BAM
DMET Transverse dispersion coefficient ~ 2.94x107 [m?s!] D= ;v + Dyg®
of metolachlor
D,Toluene Transverse dispersion coefficient ~ 1.72x107 [m?s!] D=, v+ Dy®
of toluene
Inflow concentrations
CinBM Inlet concentration of BAM 400 [mg L] experimental
CinMET Inlet concentration of metolachlor 100 [mg L] experimental
CypMouene Inlet concentration of toluene 34.2 [mg L] experimental
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Table S5 Summary of diffusion-induced isotope fractionation egirr and exponents of an assumed power

law mass dependency of labelled organic compounds, noble gases and ions from literature.

Species Heavy to light isotopes Dy/Dy Eqifr [%00] LL-1** References
isotopologues

Labeled organic compounds

Isopropy! alcohol C;D;HO/C;H50 0.993+0.006° -7+62 0.06+0.05° LaBolle et al.,
200812
tert-Butyl alcohol C4sDyHO/C4H,00 0.997+0.0022 -3422 0.023+0.023° LaBolle et al.,
200812
benzene C¢Dg/CsHg 1.019+0.0022 19+22 -0.247+0.0262 Rolle and Jin,
2017°
1.000+0.005¢ 0+5¢ 0.0£0.1° Kopinke et al.,
20203
1.00£0.01°¢ 0+10° 0.0£0.1° Kopinke et al.,
201814*
cyclohyxane CeD12/CeHiz 1.00+0.01¢ 0+10¢ 0.0+0.1° Kopinke et al.,
201814*
toluene C;Dg/C7Hg 0.962+0.0022 -38422 0.46+0.022 Rolle and Jin,
2017°¢
0.963+0.0022 -37422 0.455+0.0232 Jinetal., 2014°
1.00+0.01¢ 0+10¢ 0.0+0.1° Kopinke et al.,
201814*
1.00+0.01¢ 0£10° 0.0+0.1° Kopinke et al.,
20201
C;DsH;/C7Hs 1.00+0.01¢ 0£10° 0.0+0.1° Kopinke et al.,
201814*
ethylbenzene CsD1o/CsHio 0.960+0.022 -40+22 0.455+0.0272 Jin et al., 2014°
Noble gases
He “He/*He 0.87+0.03¢ -130+30¢ 0.486+0.012° Jahne et al.,
19875
Ne 22Ne*'Ne 0.990+0.0032 -10432 0.104+0.032° Tyroller et al.,
201816
2Ne?'Ne 0.9931+0.0008¢ -6.9+0.8¢ 0.073+0.008° Tempest and
Emerson,
201317
Ar YOAT/°Ar 0.948+0.0042 -52442 0.508+0.040° Tyroller et al.,
201418
YOArSAr 0.9961+0.0003¢ -3.9040.3¢ 0.037+0.003° Tempest and
Emerson,
201317
YOArSAr 0.9963+0.00032 -3.69+0.25° 0.035+0.002° Seltzer et al.,
201919%
Kr 84Kr/2Kr 0.9995+0.0023¢ -0.50+0.23¢ 0.021+0.050° Tyroller et al.,
201816
84Kr/32Kr 0.9995¢ -0.50¢ 0.021¢ Seltzer et al.,
201919%
80K r/82Kr 0.9986¢ -1.40¢ 0.029¢ Seltzer et al.,
201919%
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Xe

Tons

Li

Mg

Ca

Fe

Zn

Cl

Br

84K r/8Kr

860K r/%4Kr

132X e/129Xe

136X e/129Xe

132X e/131Xe

136X e/132Xe

134X e/132Xe

TLi/SLi

"Li/SLi

"Li/SLi

24Na/*2Na

ZSMg/24Mg

41K 9K

#Ca/*Ca

S6Fe/>*Fe

067n/*Zn

137Ba/134Ba

37C1/35C1

37C1/35C1

81Br/"Br

0.998+0.010¢

0.9965+0.0052¢

1.0015+0.0025¢

0.9990¢

0.9997+0.0012¢

0.9993+0.0020¢

1.0014+0.0018¢

0.9965¢

0.99772+0.00013F

0.989+0.002F

0.998+0.0022

1.00003+0.00003"

0.9979¢

0.9997¢

0.99991+0.000021

0.9999+0.00001!

0.99978¢

0.99857+0.0004f

0.99836+0.000202

0.99920+0.000172

-2+10¢

-3.50+0.52¢

1.5+2.5¢

-1.00¢

-0.3+1.2¢

-0.7£2.0¢

1.40+1.8¢

-3.58

-2.28+0.13f

-11£2F

-2422

0.03+0.03f

-2.10¢

-0.43¢

-0.09+0.02!

-0.06+0.01

-0.22¢

-1.4340.04f

-1.64+0.202

-0.80+0.172

0.200+0.423"

0.149+0.111°

-0.065+0.056"

0.019¢

0.039+0.079°

0.023+0.035"

-0.093+0.060°

0.023¢

0.015+0.001°

0.071+0.010°

0.023+0.020°

0.0007+0.0007°

0.042+0.002

0.0045+0.0005!

0.0024+0.0001°

0.0019+0.0000°

0.010+0.002"

0.025+0.007°

0.030+0.004°

0.032+0.007°

Tyroller et al.,
2018'¢

Tyroller et al.,
2018'¢

Tyroller et al.,
201816

Seltzer et al.,
201919%*

Tyroller et al.,
201816

Tyroller et al.,
201816

Tyroller et al.,
201816

Kunze and
Fuoss, 196220

Richter et al.,
20062

Fritz, 19922

Pikal, 197223

Richter et al.,
20062

Bourg et al.,
2010%

Bourg et al.,
2010%

Rodushkin et al.,
2004

Rodushkin et al.,
2004

Van Zuilen et al.,
20162

Richter et al.,
20062

Eggenkamp and
Coleman, 2009’

Eggenkamp and
Coleman, 2009.27

3 Published or calculated standard deviation based on the data in literature, ® £ uncertainty calculated according
to Gauss’ error propagation law by including the uncertainty of Du/Dy, ¢ published system uncertainty, ¢ unclear
uncertainty, ¢ standard deviation recalculated based on published standard error,  standard deviation
recalculated from reported 2 times standard deviation, 9 uncertainty not available, " estimated uncertainty range,
" standard deviation of isotope ratio measurements, I uncertainty from linear regression.*Studies on mass
transfer of species between two phases (water/gas phase'” !° or water/n-octane phase!*).** g values were either
the published values or recalculated based on eq 2.
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2.2 Mass-transfer limitation of biodegradation at low
concentrations- Evidence from reactive transport modeling

of isotope profiles in a bench-scale aquifer
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Synopsis

The objective of this chapter is to investigate mass-transfer limitation of biodegradation of
organic contaminants at low concentrations in a flow-through sediment tank system by
applying CSIA in conjunction with concentration measurements. A reactive transport model
considering mass-transfer through the bacterial cell membrane was developed to elucidate the
observed carbon and nitrogen isotope values along the concentration cross gradient. In addition,
the model further pinpointed the threshold concentration range below which isotope
fractionation would be strongly masked.

To mimic oligotrophic conditions in groundwater, | set up a quasi-two-dimensional flow-
through sediment tank and homogeneously inoculated it with the BAM degrader—Aminobacter
sp. MSH1. BAM solution was injected at the central inlet port of the tank, developing a
concentration gradient from high to low concentration from the center of the tank towards the
bottom and top boundaries because of transverse dispersion. Thus, the low BAM
concentrations at the lower and upper region of the tank mimicked oligotrophic conditions in
the field. To evaluate the bottleneck of biodegradation and the effect of mass-transfer limitation,
concentrations of BAM, 2,6-DCBA, DO (dissolved oxygen), total washed-out cell number,
ATP of the cells, and the carbon and nitrogen isotope values during the quasi-steady state were
analyzed. Decreased isotope fractionation along the concentration downgradient indicated that
mass-transfer limitation became the limiting step for biodegradation of organic compounds at

low concentrations. In addition, representations of isotope fractionation against residual BAM

62


https://pubs.acs.org/doi/10.1021/acs.est.0c08566

concentrations revealed three zones of different limitations: (i) at high substrate concentration,
isotope fractionation follows Rayleigh relation suggesting that the substrate BAM was present
in excess and that oxygen availability was the limiting factor; (ii) when substrate concentration
decreased to a threshold region of about 600 ug/L, a drastic decrease in isotope fractionation
gave direct evidence of substrate mass-transfer limitation; (iii) when substrate concentrations
were even lower, isotope fractionation indicated that mass transfer was still limiting, but at the
same time the extent of degradation became smaller. Hence, at this point intrinsic

biodegradation activity must have been limited also by physiological adaptation.

To capture this process in quantitative terms, | developed a reactive transport model,
combining effects of transverse dispersion and mass transfer through the bacterial cell
membrane. The simulated apparent isotope enrichment factor *¢ decreased strongly below a
simulated threshold BAM concentration of 600 pg/L. In addition, simulations without the
consideration of mass-transfer limitation would show strong isotope fractionation, which
strongly suggests that mass-transfer limitations on the cellular level must be accounted for in

reactive transport models.
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ABSTRACT: Organic contaminant degradation by suspended bacteria in
chemostats has shown that isotope fractionation decreases dramatically when
pollutant concentrations fall below the (half-saturation) Monod constant.
This masked isotope fractionation implies that membrane transfer is slow
relative to the enzyme turnover at sg L™ substrate levels. Analogous evidence
of mass transfer as a bottleneck for biodegradation in aquifer settings, where
microbes are attached to the sediment, is lacking. A quasi-two-dimensional
flow-through sediment microcosm/tank system enabled us to study the
aerobic degradation of 2,6-dichlorobenzamide (BAM), while collecting
sufficient samples at the outlet for compound-specific isotope analysis. By
feeding an anoxic BAM solution through the center inlet port and dissolved
oxygen (DO) above and below, strong transverse concentration cross-gradients of BAM and DO yielded zones of low (ug L™")
steady-state concentrations. We were able to simulate the profiles of concentrations and isotope ratios of the contaminant plume
using a reactive transport model that accounted for a mass-transfer limitation into bacterial cells, where apparent isotope enrichment
factors *e decreased strongly below concentrations around 600 yg/L BAM. For the biodegradation of organic micropollutants, mass
transfer into the cell emerges as a bottleneck, specifically at low (ug L™") concentrations. Neglecting this effect when interpreting
isotope ratios at field sites may lead to a significant underestimation of biodegradation.

KEYWORDS: bioavailability, 2,6-dichlorobenzamide, reactive-transport model, flow-through system, GC-IRMS, CSIA
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B INTRODUCTION still occurs.'®™>” When the mass transfer of a substrate at the
cellular level (i.e., through the cell membrane into and out of
the cell) is limited, both heavy and light isotopologues are
degraded completely inside the cell before they may diffuse
out. Consequently, the isotope fractionation of the enzymatic
transformation inside the cell can no longer be observed
outside of the cell where samples are taken for analysis.”® Such
masking of isotope fractionation has been widely recognized in
photosynthesis,20 denitrification,”"* and sulfate respira-
tion.»****3%3! Because the phenomenon occurs if membrane
transfer is slower than the enzymatic turnover, theoretical
considerations predict that mass-transfer limitations may
become particularly relevant at extracellular substrate concen-
trations below the Monod or Michaelis—Menten constants of
growth and enzymatic turnover when enzyme kinetics shift

The combined interpretation of solute concentrations and
isotope ratios in sediment profiles and groundwater samples is
a common approach to unravel natural transformations of
nutrients and organic compounds, most prominently organic
pollutants.'~* The interpretation relies on the phenomenon
that kinetic isotope effects typically favor the transformation of
molecules with light isotopes so that molecules with heavy
isotopes become enriched in the remaining substrate.>® Hence,
an increase of isotope ratios, such as of *C/"2C or “N/™N,
along a transport path in groundwater or sediments can
provide direct evidence of the natural transformation of a
compound. This has been applied in the analysis of sulfate,”®
nitrate,” and methane,° among others, along with redox
gradients and organic pollutants (e.g, BTEX, chlorinated
ethenes, pesticides, and herbicides)"' ™" at contaminated sites.

Conversely, the absence of isotope fractionation, despite a Received: December 18, 2020
concentration decrease, is commonly interpreted as evidence Revised:  April 9, 2021
of the absence of reactive turnover. Accepted:  April 9, 2021

However, recent studies with suspended cells in chemostats Published: May 10, 2021

have shown that isotope fractionation may no longer be
observable at low concentrations, even though transformation

© 2021 The Authors. Published b
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Figure 1. Schematic illustration of the 2-D flow-through sediment tank and expected profiles of isotope ratios at the outlet. Scenario (a): in the
absence of mass-transfer limitation, isotope values (blue solid line) are expected to increase strongly with degradation at low concentrations.
Scenario (b): with mass-transfer limitation, isotope fractionation would be masked at low concentrations.

from zero- to first-order.”®?* Indeed, recent biodegradation
experiments of atrazine in chemostats and retentostats showed
dramatically decreased isotope fractionation when atrazine
concentrations dropped below 30 pg/L."*'¥?%%*

Thus far, however, this phenomenon has been demonstrated
only in well-mixed liquid culture systems (e.g, chemo-
stats,'”3*3* retentostats,>> or batch reactors’ ’25’27’35’36)
where bacteria were suspended at relatively high cell densities
in a liquid culture rather than being attached to sediments. In
these cultivations, bacteria were either not adapted to low
concentrations (e.g., in batch reactorslg’25’27’35’36), or they
were adapted to low concentrations, but still they experienced
a relatively high substrate flux (e.g, in chemostats'”***").
Hence, insights from these systems are not directly transfer-
rable to the physiology of microorganisms in field sediments.
There, bacteria are mainly attached to sediments in subsurface
environments with contaminant concentrations in ground-
water governed by advection and dispersion coupled to the
reactive turnover. Under such circumstances, a low extent of
isotope fractionation is normally interpreted as evidence of the
decreasing degradation rate with depth®” or isotopologue-
specific transverse dispersion,%’39 where concentration trends
are explained by dilution'” or heterogeneity of groundwater
systems.””*" While mass-transfer limitation due to aquifer
heterogeneities is well recognized,m_42 the possible relevance
of slow transfer through the bacterial cell wall and its influence
on observable isotope fractionation is currently overlooked in
the evaluation of degradation at field sites. Neglecting mass
transfer through the cell wall may overestimate the effect of
dilution, dispersion, or heterogeneity on the observed isotope
values. More importantly, such slow membrane permeation
may constitute an overlooked bottleneck for degradation that
could explain the widely observed persistence of organic
micropollutants specifically at low concentrations in the
environment.

Hence, the question arises whether and at which
concentration an onset of mass-transfer limitation into
bacterial cells can be observed during biodegradation in
porous media under realistic in situ conditions. To investigate
this phenomenon, sediment-attached degrading bacteria would
have to be exposed to different steady-state contaminant
concentrations over a longer time so that they can adapt their
physiology to prevailing substrate fluxes. Sampling would need
to allow for a closed mass balance to determine the true
turnover. While pronounced degradation-induced isotope
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fractionation would be observable at high concentrations,
isotope fractionation may or may not be masked at low
concentrations depending on the absence or presence of mass
transfer limitations, respectively.

Unfortunately, large-scale studies in natural aquifers lack the
high sampling resolution needed for such an in-depth
characterization. We therefore set up a two-dimensional (2-
D) flow-through sediment microcosm/tank system43 which
allowed (i) establishing a closed mass balance with (ii)
sufficient sample resolution at the outlet (every 1 cm) to
capture the defined steady-state concentrations within
gradients, while (iii) allowing us to collect sufficiently large
samples over time for compound-specific isotope analysis
(CSIA) at low concentrations. By feeding an anoxic pollutant
solution into the center port of the tank, and a medium
containing dissolved oxygen (DO) above and below, strong
transverse concentration cross-gradients of the organic
substrate and DO were established. The organic substrate
concentration ranged from high values, at the plume center, to
low steady-state levels toward the upper and lower boundaries.
Under otherwise identical conditions, bacteria could therefore
adapt to different steady-state concentrations, with oligotro-
phic conditions in the upper and lower regions of the tank
(Figure 1).

Figure 1 illustrates our targeted hypotheses. Greater changes
in isotope values are expected when the fraction of remaining
contaminant decreases by degradation. In the plume center,
contaminant concentrations are so high that much turnover is
needed to significantly decrease the fraction relative to its
initial value. Because such a large extent of degradation is
limited by the availability of oxygen, only moderate changes in
isotope values are expected. In contrast, larger changes in the
isotope values could arise at low concentrations toward the
upper and lower boundaries of the tank where degradation is
not limited by oxygen availability. Here, isotope values are
expected to increase strongly with degradation in the absence
of mass transfer (Figure 1, scenario a). In contrast, despite
ongoing degradation such a trend would not become apparent
if mass transfer into the bacterial cell is limiting (Figure 1,
scenario b). Hence, the predicted trends can be tested by the
observations, where interpretations are supported by mass
balance calculations and via a reactive transport model that
accounts for mass transfer into bacterial cells, among other
factors controlling solute transport and turnover.

https://doi.org/10.1021/acs.est.0c08566
Environ. Sci. Technol. 2021, 55, 7386—7397



Environmental Science & Technology

pubs.acs.org/est

To target a particularly relevant scenario, 2,6-dichlorobenza-
mide (BAM), a metabolite of the herbicides dichlobenil and
chlorthiamide, was chosen as a model compound.44 BAM has
been frequently detected at low concentrations in ground-
water, exceeding drinking water guidelines (0.1 ug/L) and
causing problems for drinking water production in many
European countries.**™ The bacterial degrader inoculated
here was Aminobacter sp. MSH1, an aerobic, Gram-negative,
motile bacterium,® exhibiting a documented potential for the
purification of BAM-contaminated water in bioaugmented
sand filters."**>*’ Furthermore, BAM is highly water soluble
(Ko, = 0.77°%), ruling out sorption to the sediment as a
confounding factor.

The primary objective of this study was to investigate
whether mass transfer into bacterial cells limits the in situ
biodegradation of BAM at low substrate concentrations in
groundwater. Following the hypotheses of Figure 1, CSIA
together with concentration and biomass data were applied to
calibrate and validate a reactive transport model. The model, in
turn, allowed a quantitative elucidation of the interactions
between mass transfer, degradation kinetics, solute transport,
and isotope fractionation. In addition, by simultaneously
evaluating changes in concentrations and isotope values, the
model allowed estimating a threshold concentration range
below which biodegradation became strongly limited by mass
transfer into the cells.

B EXPERIMENTAL SECTION

2-D Flow-Through Sediment-Tank Experiment. We
adapted the experimental setup of Bauer et al.”> At the inlet
and outlet of the tank, 16 ports (distance: 1 cm) were equally
spaced to accurately inject different constituents at specified
depths at the inlet and to sample with a high-depth resolution
at the outlet. Via depth-resolved sampling at steady state,
enough sample volume could be collected at the outlet ports of
the tank to enable isotope analysis in a low (ug/L)
concentration range. The inner dimensions of the domain
were 95 cm X 18 cm X 1 cm (L X H X W), such that the tank
represents a quasi-2-D system. A detailed description of the
setup is provided in the Supporting Information, as are
additional details regarding chemicals, media preparation, and
bacterial cultivation.

The water-saturated, sand-packed tank was inoculated with
the bacterial strain Aminobacter sp. MSH1 by injecting an
inoculum containing 1 X 107 cells/mL across all inlet ports,
except the central one, at a pumping rate of 45 + 2 yL/min/
port for 24 h. During the inoculation, a 50 mg/L anoxic BAM
solution was continuously injected at the central inlet port.
After inoculation, the flow was stopped for 3 h to give bacteria
time to adhere to the sediment. Subsequently, an anoxic 50
mg/L BAM solution was continuously introduced through the
central inlet port and an oxic medium solution without an
additional carbon or nitrogen source was continuously pumped
in through all other inlet ports at a pumping rate of 45 + 2 uL/
min/port. This initial injection of BAM resulted in transient
breakthrough profiles. The system did not reach steady state
during the initial period of 4 weeks. Specifically, the biomass
exhibited a transient planktonic behavior, which was likely an
artifact from previous growth under well-mixed conditions.
Consequently, the time period of the 50 mg/L injection was
considered as a preliminary injection phase, where bacteria
were still undergoing physiological adaptations after their
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inoculation, and this initial phase was not considered in the
present study.

After 4 weeks, the inlet concentration of BAM was increased
to 100 mg/L. The system reached a steady state in the 7th
week, that is, 3 weeks after increasing the concentration, as
indicated by stable BAM concentrations at the outflow. In this
study, Aminobacter sp. MSH1 used BAM as the sole source of
carbon, nitrogen, and energy. It is well established that in the
catalytic breakdown of BAM, hydrolysis of BAM to 2,6-
dichlorobenzoic acid (2,6-DCBA) by Aminobacter sp. MSH1 is
the initial, irreversible step,44'51’52 which is associated with a
large normal isotope fractionation for both carbon (gc = —7.8
+ 0.2%0) and nitrogen (ey = —13.5 =+ 0.2%0).>

For sample collection, the outflow solution was filtered
through 0.22 uM syringe filters (Merck KGaA, Germany; filter
exchange every 12 h) and pumped into separate sampling vials
for each outlet port. The sterilizing filtration can remove the
bacteria from the outflow and stop the biodegradation in the
solution right after filtration. Samples were collected and
stored at —20 °C from week 8 to week 12 and from week 12 to
week 16 (where sampling time is in relation to the start time of
inoculation). Each sampling period lasted for 30 days until a
sufficient sample volume (2 L) was collected at each outlet
port to enable CSIA of low substrate concentrations. The
Results and Discussion section presents data from this second
sampling period.

Carbon and Nitrogen Isotope Analysis of BAM.
Carbon and nitrogen isotope values of BAM were measured
on a GC-IRMS system. A DB-$ analytical column (60 m, 0.25
mm id, 0.5 ym film, Agilent Technologies, Germany) was
used in a TRACE GC Ultra gas chromatograph (Thermo
Fisher Scientific, Italy) which was coupled to a Finnigan MAT
253 isotope-ratio mass spectrometer through a Finnigan GC
Combustion IIT interface (Thermo Fisher Scientific, Ger-
many). The typical total uncertainty of carbon isotope
measurements is +0.5%o, and the uncertainty of nitrogen
isotope measurements is +1%o. The method, including solid-
phase extraction before CSIA, is described by Sun et al.** and
provided in the Supporting Information.

Concentration Measurements of BAM, DO, ATP, and
Total Cell Counts. The concentrations of BAM and 2,6-
DCBA were measured every 3—5 days. After solid-phase
extraction, measurements were conducted via liquid chroma-
tography tandem mass spectrometry (LC—MS/MS) by
adapting the method of Jensen et al.>> LC was conducted on
an Agilent 1100 HPLC system (Agilent Technologies Inc,
USA); MS was performed on a QTrap 4000 system using
electrospray ionization (ESI) (Sciex, USA); and separation was
carried out on a Kinetex C18 column (2.6 ym, 10 nm, 100 X
2.1 mm id., Phenomenex, USA) at 40 °C, with S mM of
ammonium acetate at pH 2.4 as the mobile phase A and
acetonitrile as mobile phase B. A detailed method description
is provided in the Supporting Information.

DO concentrations were measured daily via oxygen-sensitive
polymer optode foils (18 cm X 0.5 cm; PreSens GmbH,
Regensburgs, Germany) glued onto the inner side of the tank
and read out by a FIBOX2 Fiber-optic oxygen meter (PreSens,
Regensburg, Germany). The intracellular ATP concentrations
were measured on a Glomax luminometer (Turner Biosystems,
Sunnyvale, CA), according to a method adapted from Hammes
et al.>® For total cell counts, samples were collected every 3—5
days from the outlet ports of the tank, fixed with 2.5%
glutaraldehyde, and stored at 4 °C in the fridge until

https://doi.org/10.1021/acs.est.0c08566
Environ. Sci. Technol. 2021, 55, 7386—7397
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measurement. The samples were stained with SYBR Green I
and measured on a Cytomics FC 500 flow cytometer
(Beckmann Coulter, Hebron, KY) according to the method
of Bayer et al.*’

Conceptual Model. The model accounts for the possibility
of substrate mass transfer through the cell membrane due to
passive diffusion driven by concentration differences. The
intracellular irreversible hydrolysis of BAM to 2,6-DCBA via an
amidase enzyme (Reaction 1) was simulated to follow
Michaelis—Menten kinetics (eq 10) and to be the sole step
that led to carbon and nitrogen isotope fractionation, resulting
in an enrichment of heavy isotopologues of BAM within the
cells.”® Subsequently, this enrichment may or may not
equilibrate with BAM in the bulk solution depending on the
rate of back diffusion through the cell membrane relative to the
rate of the enzyme turnover. For the calculation of mass
balances, it is assumed that no other reactive intermediates
accumulated and that 2,6-DCBA was either degraded to CO,
via aerobic respiration (Reaction 2a) or utilized for biomass
synthesis (CsH,O,N), that is, cell growth (Reaction 2b). All
microbially mediated reactions were assumed to take place
inside the bacterial cells and, thus, to depend on the kinetics of
the mass transfer into the bacterial cells.”®

BAM to 2, 6-DCBA:

C,H,CL,ON + H,0 — C,H,Cl,O, + NH, (1)
2, 6-DCBA to CO,:
C.H,CL0, + 6.50, - 7CO, + 2HCI + H,0
(2a)

2, 6-DCBA to biomass:
C,H,CLO, + 1.50, + H,0 + NH, — C;H,O,N

+ 2HCI + 2CO, (2b)

Both mobile (planktonic cells) and immobile biomass (cells
attached onto the sediment matrix) were considered in the
model. Partitioning between mobile and immobile biomass
was described by the growth-mediated release of daughter cells
and by the first-order attachment of mobile cells onto the
sand.”” Because the planktonic cells made up only a very small
fraction®®™®° (<5%) of the total biomass in the tank, only the
immobile biomass was assumed to be responsible for
biodegradation.’’ "* Biomass was generated by growth from
the aerobic degradation of 2,6-DCBA, as parameterized by a
dual-Monod kinetic rate expression (eq 12). (Note: Carbon
isotope fractionation arising from 2,6-DCBA degradation was
not considered in our model formulation because this
transformation occurred after the first irreversible step, ie.,
the hydrolysis of BAM). Herein, we refer to both Michaelis—
Menten kinetics and Monod kinetics interchangeably when
referring to saturation-type kinetics, as they are mathematically
identical. For rate expressions containing both an electron
acceptor and donor dependence, we explicitly state that these
are dual-Monod expressions.

Upon the calibration of the model with the experimentally
determined high-resolution vertical profiles of concentrations
and isotope ratios, we could convert concentration measure-
ments into rates, determine all rate coefficients, and quantify
the influence of mass transfer on the reactive turnover at a high
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spatial resolution under conditions that mimic field applica-
tions.

Governing Equations. The 2-D reactive transport of
substrates in the bulk solution, and the mass transfer and
reactions inside the cell, coupled to the microbial dynamics in
the model are described by the following set of partial
differential equations.

In the bulk solution

oc, v . . o xm
—k = V- Vep' + V-(D-Vey) = fp——
ot bio (3)
aXmob b b
ot = —v-VX"" + V'(D'VXmo ) + Tdaughter ~ Tattach
(4)
) G N
= h — "daughter Tattach
ot growt ¢ (%)
Inside the bacterial cell
1,h BAM
0" ¢in — Lh, BAM _pp BAM
ot mt deg (6)
DCBA
Ocine DCBA , I BAM  j BAM DCBA
ot — 'mt + rdeg + rdeg - rdeg (7)
O.
aCintz _ .0, 0,
ot =Tt — rdeg (8)

in which ¢, [#mol L™'] is the concentrations of substrate i
(heavy or light isotopologues of BAM, 2,6-DCBA, or oxygen)
in the bulk solution; X™* [ymol,;, L] is the mobile biomass
L™'] is the immobile biomass
[pumol L™'] is the intracellular concen-
tration of light and heavy BAM isotopologues, respectively;
PCBA [umol L7'] and ¢ [umol L7!] are the intracellular
concentrations of 2,6-DCBA and oxygen, respectively; D [m?
s!] is the dispersion tensor of different substrates and mobile
biomass, respectively; v [m s7'] is the velocity vector; ri,
[pmol Ly~ s7'] is the mass-transfer rate of each substrate
through the cell membrane; ryygner [#moly;, L™ s7'] is the
growth-dependent detachment rate; r,y,q [#moly, L™" s7'] is
the bacterial attachment rate; ' tog - [umoly, Ly~ s7'] s the
intracellular hydrolysis rate of either the heavy ("/52M) or the
light ('r52M) isotopologue of BAM to 2,6-DCBA; feg - [umol
| P s_li is the intracellular degradation rate of 2,6-DCBA;
Tdeg [umol L' s7'] is the consumption rate of oxygen during
the degradation of 2,6-DCBA; and py;, [umoly;, L, '] is the
molar density of the bacteria, which is defined as biomass (M
[pmoly;,]) per bacterial cell volume (Vg [Lin))-

The mass-transfer rate r,,' of each substrate through the
bacterial cell membrane from the bulk solution to the location
of the enzymes is approximated via a linear-driving force
model®

)

in which k,’ [s™'] is the first-order mass-transfer coefficient of
compound i for diffusion into and out of the cell. We assumed
that the mass-transfer coefficients of heavy and light
isotopologues of BAM are identical due the negligible
difference of their diffusion coefficients.”* In the presence of
BAM, the intermediate product 2,6-DCBA is transformed

[ i i
Tmt = ktr '(Cbulk - Cint)
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inside the bacterial cell, such that the direction of the mass
transfer of 2,6-DCBA is in the opposite direction.

The hydrolysis of both the heavy and light isotopologues of
BAM to 2,6-DCBA inside the cell follows Michaelis—Menten
kinetics*>

| BAM
17' BAM __ hydro Cint
deg T "max "TBAM BAM
K] (10)
n BAM
BAM C;
hrdeg — a.r:j);iro BAM int
C total + K (11)

in which % [ymol L, s7'] is the maximum hydrolysis
reaction rate and K2*™ [ymol L, '] is the half-saturation
constant. During the hydrolysis reaction of BAM, 2,6-DCBA is
produced inside the cell. The fractionation coefficient a [-]
describes the ratio of the pseudo first-order rate coefficient

’rg /'cEAM between the heavy and the light isotopologues. The
fractlonation may either be caused by differences between the
isotopologues in the maximum hydrolysis rate, or by
differences in the half-saturation concentration.

The rate of 2,6-DCBA degradation, rdDe(g;BA [pmol L, ~'s7],
was parameterized as a dual-Monod kinetic rate expression

DCBA
P bio int

DCBA DCBA
ax Y K +c Cint

O,
int

K O 4 cmt

DCBA __ G

rdeg

- (12)

in which the maximum degradation rate of 2,6-DCBA inside
the cell is expressed as fuPbio/Y, Hmax LS _1] is the specific
growth rate of the bacteria, Y [umol,;, pmol™'] is the growth
yield coefficient, and K2°®* and K* [umol L, "] are the half-
saturation constants of 2,6-DCBA and O,, respectively.

The total transformation of 1 mol of BAM to CO, needs 6.5
mol O, (Reaction 2a) and the total transformation from 1 mol
BAM to biomass (CsH,O,N) requires 1.5 mol O, (Reaction
2b). Thus, the specific stoichiometric ratio for O, to degrade
2,6-DCBA to CO, was computed from a linear combination of
both reactions

p=65—5Y (13)

in which p is the effective st01ch10metr1c coefﬁuent for O,,

Thus, the oxygen consumption rate rdeg glumol Ly, 7" s7'] is
DCBA
rde%g = p.rdeg (14)

The growth rate of immobile biomass r‘gmwth [pmoly,, L™

s'] depends on the biodegradation rate of 2,6-DCBA de(éBA,
1mmob11e biomass in the bulk solution X™ [gmoly;,, L™'], cell
density py;., and yield coefficient Y,

X
DCBA
g“rr:)wth rdeg Y
Prio (15)

" daughter [umoly;, L™ s7'] is the growth-dependent detachment
rate. The release of daughter cells rgugner depends on the
proximity of the attached cell concentration X™ to the
maximum carrying capacity X, [#moly, L7']. Thus, as the
attached population approaches its maximum capacity, all
newly produced cells (via growth) are effectively expelled into
the mobile phase

im
__ im X
rdaughter = Tgrowth” X

max

(16)
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In addition, we assumed that only new grown cells can
detach and there was no detachment due to mortality. The
adhesion of the planktonic bacteria onto the sediment is
represented as the attachment rate .,

Xim

.Xmob. 1

Tattach = katt

(17)

in which k,, is [s™'] is the first-order rate coefficient for
attachment. With increasing attachment, the corresponding
reduction in carrying capacity (or maximum allowable attached
biomass concentration) was assumed to inhibit the attachment
rate via: (1-X™/X_ ).

The isotope ratio of the heavy and light isotopologues of
BAM was evaluated by

- R

max

R
R

sample standard

R

sample

o)

sample —

(18)

in which Rsample is the ratio of heavy to light isotopologues of
the substrate ("c/'c) and Rynguq is the reference isotope ratio.

The standard model to predict changes in isotope ratios is
the Rayleigh equatlon 7,68

(hc/ o) _
("¢/'e)g (19)

in which isotope values at time zero, 5>C, and time t, §*C,
are linked to the remaining substrate concentration fraction f
bye=a -1 ° The Rayleigh model, however, requires that the
isotope fractionating step of a reaction is also the rate-limiting
one. Hence, we do not expect that the Rayleigh model holds in
the given setup over the whole concentration range if mass
transfer becomes limiting at low concentrations, as shown in
Figure 1, scenario b.

Numerical Method. The coupled system of equations for
the multidimensional reactive transport was solved in
MATLAB followmg the approach of Eckert et al®* and
Mellage et al.>® in which the spatial discretization was done by
the cell-centered Finite Volume Method (Az = 0.001 m and
Ax = 0.01 m) with the upwind differentiation of the advective
term, and physical transport was coupled to the reactions via a
global implicit approach. The Newton—Raphson method was
applied to linearize the system of equations. The experiment
was simulated with an adaptive time stepping.

standard standard

R,
Ry

_ 8t +1 oo
13
8°C, + 1

B RESULTS AND DISCUSSION

Stoichiometry of Bacterial Growth and Model Fit.
Figure 2 shows the quasi-steady-state profiles with a 100 mg/L
BAM inlet concentration at the center port (from week 12 to
week 16). The concentration of each species (Figures 2 and 3)
was adequately simulated using the calibrated parameters
(Table S2) of the reactive transport model, which reached
steady state after a simulated time of 17 days (Figure S2).
Steep oxygen concentration gradients showed that oxygen was
limiting in the plume center, where BAM and 2,6-DCBA
concentrations were highest. In contrast, high oxygen
concentrations evidenced sufficient O, supply for aerobic
BAM degradation at the plume fringes. A mass balance of the
measured concentrations gave a reduction of the total mass
flux of BAM from 34.1 + 1.5 ymol/d in the inlet to 6.2 + 1.6
umol/d in the outlet (total reduction by 82%). Concurrently,
fluxes of total DO decreased from 237 + 12 pmol/d at the
inlet to 151 + S pmol/d at the outlet and 14.9 + 2.3 umol/d

https://doi.org/10.1021/acs.est.0c08566
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(a) Concentrations of BAM and 2,6-DCBA along the outlet face (b) DO concentrations along the inlet, middle and outlet faces
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(d) ATP per suspended cell along the outlet face
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Figure 2. Experimental and simulated concentrations of (a) BAM and 2,6-DCBA in the bulk solution (circles with error bars, solid lines) and inside
the cell (dashed lines) along the outlet vertical face, (b) oxygen in the bulk solution along the vertical inlet, middle, and outlet faces, (c) total
suspended bacterial (mobile) cell numbers at the outlet ports, and (d) ATP per cell calculated by dividing the measured total ATP by the total
suspended bacterial cell number at the outlet ports. Error bars represent the standard errors of measurements during the sampling period in a quasi-

steady state.

(a) Carbon isotope values of BAM (b) Nitrogen isotope values of BAM (c) Dual element isotope regression
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Figure 3. Carbon and nitrogen isotope values of BAM at the outlet of the tank for a BAM inlet concentration of 100 mg/L. A§"*C and A5"°N
represent the carbon- and nitrogen isotope value difference between the outlet samples and the BAM inlet solution. Panels (a) and (b): A§"C and
ASN profiles along the outlet face. Solid lines and dashed lines represent the simulated isotope values with and without the assumption of mass-
transfer limitations, respectively. Asterisk symbols represent the data of one-time measurements due to the limited analyte mass at low
concentrations, which were not considered for modeling (panel b) and regression (panel c). A dual element isotope plot (A§™C vs A" °N), with
95% confidence intervals, is shown in panel (c). Error bars represent the instrument uncertainties of +0.5%o for carbon isotope measurements and

of +1%o for nitrogen isotope measurements.

out of the produced 2,6-DCBA were not further degraded but
reached the outlet, likely because of depleted DO at the plume
center. Estimated conversion rates from BAM to 2,6-DCBA
were 27.9 + 1.2 umol/d and from 2,6-DCBA to biomass and
CO, were 13.0 + 0.6 umol/d, resulting in a molar ratio of
oxygen to converted 2,6-DCBA of 6.6. This is close to the
stoichiometric factor of 6.5 for oxygen in Reaction 2a
suggesting that the consumed 2,6-DCBA was primarily used
for respiration rather than for growth. Independently, a fitted
yield coefficient Y of 0.24 could be derived from the reactive
transport model (Table S2), which implies that 24% of the
transformed 2,6-DCBA was used in biomass growth whereas
76% was respired, resulting in a stoichiometry of oxygen to 2,6-
DCBA of 53 (eq 13). While both results confirm that
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respiratory- and maintenance-driven carbon consumptions
were greater than carbon assimilation via growth, the reactive
transport model considers additional biomass data so that the
value of 5.3 is more reliable to represent the effective
stoichiometry of the catabolic reaction.

Even though biomass was depleted at the upper and lower
boundaries of the tank, where BAM and 2,6-DCBA
concentrations were the lowest (<0.1 pmol/L), suspended
cell concentrations from 1 X 10° to § X 10° cells/mL cells were
continuously detected in outflow samples. This continuous
outwash may be explained by: (i) trace dissolved organic
carbon or nitrogen contained in the medium solution that may
have provided an additional low-level source of carbon and

https://doi.org/10.1021/acs.est.0c08566
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(a) AS"3C vs. CS:IkM at the outlet face

(b) "¢ vs. cE:\IkM at the outlet face

(c) "¢ profile at the outlet face
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Figure 4. Threshold concentration for mass-transfer limitation determined by the distribution curve of the observed carbon isotope values A5'*C,
and the simulated apparent enrichment factor *¢. (a) Carbon isotope fractionation plotted against the BAM bulk concentration in the outlet. Blue
solid lines and dashed lines represent the simulated isotope values with and without the assumption of mass-transfer limitations, respectively.
Measured data were labeled with the position of each outlet port (z = 1—16 cm). The gray zone represents the estimated threshold concentration
range where the observed isotope values indicate the influence of mass-transfer limitations. (b) Simulated apparent enrichment factor *¢ based on
eq 20 (circles) and Thullner et al. (plus signs, eq $29) vs the corresponding bulk concentration and (c) along the outlet vertical profile. The vertical
black dashed lines in panels (a) and (b) represent a simulated BAM threshold concentration of 600 pg/L (*&¢ = —0.5%0).

nitrogen for bacterial grow’thél’69 and/or (ii) some washed-out

cells were remnants of the initial inoculation.

Evidence of High Cell Activity at the Plume Fringes.
The distribution pattern of the suspended bacterial cell
numbers informs about the adaptation of the degrader strain
Aminobacter sp. MSH1 to different concentrations along the
concentration profile (Figure 2). At the plume fringes, the
breakthrough of the suspended cells [(3.38 + 0.36) x 10°
cells/mL to (3.88 + 0.60) x 10° cells/mL] and the ATP
concentrations [(7.2 + 1.4) X 10~° nmol/cell to (10.9 + 1.0)
x 107° nmol/cell] were the highest, indicating that
biodegradation was most active where BAM and oxygen
were well mixed via transverse dispersion (Figure 2c,d). In
contrast, at the center of the plume, the comparatively lower
bacterial cell numbers indicated that degradation was limited
by the depletion of the electron acceptor (i.e., oxygen). This is
supported by the observation that although a large number of
cells [(2.70 = 0.09) X 10° cells/ml] were washed out from the
center of the plume, the measured ATP of those cells [(1.78 +
0.75) x 107? nmol/cell] was lower than the ATP at the fringes
[(1.09 + 0.10) x 107® nmol/cell] (Figure 2d).

Mass-Transfer Limitation Revealed by Decreased
Isotope Fractionation. Figure 3 shows the experimental
and simulated profiles of carbon and nitrogen isotope values of
BAM in the form of the differences in 6"*C and 6"N values
between the outlet and the inlet of the tank. The dual-element
isotope plot of AG"*C vs A5"*N (Figure 3c) shows a slope 1 of
1.4 + 0.5, which is consistent with a value of 1.75 + 0.03
expected for bacterial BAM hydrolysis reported by Reinnicke
et al.>> We experimentally observed the strongest changes in
isotope values (A5"C values between 9.3 + 0.5 and 12.4 +
0.5%0, AS"N values between 21 + 1 and 24 + 1%o) at the
fringes where the electron donor and acceptor were mixed,
bacterial activity was high (see Figure 2), and BAM
concentrations ranged from 0.4 + 0.6 pgmol/L to 15 + 9
umol/L (z= 6,7 and 10 cm). In contrast, and as expected, the
center of the plume (z = 8 cm and z = 9 cm) showed
comparatively small changes in isotope values (A5"C = 7.3 +
0.5 and 7.9 + 0.5%0, AS"N = 17 + 1 and 18 + 1%o¢). Here,
biodegradation was limited by the lack of the electron acceptor

(i.e., oxygen).
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At the upper and lower boundaries of the plume, where the
electron acceptor was in excess, the residual BAM concen-
trations were 0.1-S0 ug/L (z 1-5, 11-16 cm),
corresponding to the concentrations at which BAM is often
detected in groundwater across Europe.**™* In these zones,
where BAM concentrations decreased most strongly, isotope
values did not strongly increase but rather decreased
significantly. This was contrary to the expected behavior
depicted in Figure 1, scenario (a), and to the simulation results
in the absence of mass transfer (dashed lines in Figure 3a,b).
The drop in J-values at low concentrations was accurately
reproduced by our model that considered the mass transfer of
the substrate into and out of the bacteria (solid lines in Figure
3a,b corresponding to the predictions in Figure 1, scenario
(b)). Thus, both experimental and simulated results indicate
that mass transfer through the cell membrane masked the
isotope fractionation at low concentrations in the flow-through
porous-media system. This is consistent with the hypothesis of
concentration-dependent mass transfer limitation predicted by
Thullner et al,””*® and the observation that atrazine isotope
fractionation was masked at low concentrations in batch and
chemostat experiments.ls’lg

Mass Transfer of BAM Through the Cell Membrane. If
the substrate supply into the cell is rate limiting, the
intracellular substrate will be used up, resulting in smaller
concentrations compared to the concentrations outside at
steady state. At high surrounding concentrations in the plume
center, when the enzyme reaction was still the rate-determining
step, model predictions imply that this intracellular substrate
depletion was not yet strongly pronounced. The simulated
intracellular BAM concentration still reached 80% of the bulk-
phase concentration (Figure S3c), and the isotope fractiona-
tion of BAM observed in the bulk phase largely reflected the
fractionation by the enzyme. In contrast, at low bulk
concentrations, where mass transfer through the cell
membrane was the limiting factor (Figure 3a), model
simulations predicted a much steeper concentration gradient
across the cell membrane so that the simulated intracellular
BAM concentration made up only 4% of the surrounding bulk-
phase concentration (Figure S3c).

The model simulations resulted in a well-constrained mass
transfer coefficient of BAM of 7.6 + 0.5 s™!, which can be

https://doi.org/10.1021/acs.est.0c08566
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converted (eq Sl) to an estimated apparent permeation
coefficient P23M of (1.1 + 0.1) X 107° m s™" that describes
how fast BAM permeates through the two lipid bilayers of the
cell wall. P,,, is proportional to the effective membrane
diffusion coefficient D, and the lipid—water distribution
coefficient thw.m Compared to the permeation coefficient
derived for mass transfer of atrazine through the cell
membrane of Arthrobacter aurescens TCl1, P;;';Zi“e =35 X
1075 m 57!, the smaller permeation coefficient of BAM is likely
attributable to a smaller lipid—water distribution coefficient
(KE}’,\VI;A = 11 vs hg;‘fi“e = 741'°). Hence, BAM does not
penetrate as easily through the lipid membrane because it is
more hydrophilic than atrazine. In contrast, the modeled
effective membrane diffusion coeflicients agree within one
order of magnitude (DEAM = (1.0 + 0.1) X 107" m? s7" vs
D¥mene = 19 x 107'° m? s71)," which is in very good
agreement considering that different organisms with different
cell walls were involved.

In Which Concentration Range Does a Mass-Transfer
Limitation Appear? To estimate the concentration range in
which mass transfer became limiting, we plotted the changes in
carbon isotope values against the concentrations of BAM and
visually assessed the concentration at which the carbon isotope
fractionation became strongly masked (Figure 4a). The
experimental data suggested a BAM threshold range between
5.3+ 7.6and 70 + 112 ug/L (z = 5—6 cm) in the lower region
of the plume and a threshold range between 51 + 78 and 900
+ 400 pg/L (z = 10—11 cm) in the upper region of the plume
(grey zone in Figure 4a). To quantitatively analyze the masked
isotope fractionation due to mass transfer limitation, we
calculated the apparent carbon isotope fractionation enrich-
ment factor *¢ based on eq 20 (derivation is provided in the
Supporting Information) which is analogous to the expression
brought forward by Thullner et al*®

hydro
o ok _ 1 — BAM BAM max
e =a I =a|come + Kiw  + T3

hydro 2
BAM BAM  'max BAM ;,BAM
+ .l oue = K — L BAM + 4cpur K,
tr
rhydro
BAM BAM max
e K2+ Qay — l)_kBAM
tr
rhydro 2
BAM BAM _ "max BAM ,BAM
+ o bax — K — L BAN +dcp K, | -1
tr

(20)

With fitted values of 74°(67.3 + 1.3 pmol Ly ~* s71), KEAM
(0.38 + 0.03 umol L;,, "), and k2* (7.6 + 0.5 s7!) and a fixed
enzymatic fractionation factor @, of 0.992 (g, = —8%o),”” the
calculated value of £ * in the outflow was in the range between
—6.3 and —0.33%o (Figure 4b,c). The turning point at which
le*| < 0.5%0 was at a bulk concentration value of 600 ug/L
(Figure 4b), which was in agreement with the observed
threshold range between 51 + 78 and 900 + 400 ug/L (z =
10—11 cm). In this threshold range, mass transfer would start
to become strongly limiting, as evidenced by masked isotope
fractionation. This estimated threshold concentration value of
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600 pg/L was somewhat higher than the fitted K&™ (72 + 6
ug L") and a reported K, of BAM in the literature (K, =
135 + 17 pug/L),>* which is consistent with the prediction that
the threshold domain may extend over a certain range because
masking is predicted to depend on the magnitude of several
rate parameters relative to each other (i.e., KoM, rydre and
kBAM) 2% Even at a relatively high substrate concentration of
8000 pg/L, the enzymatic fractionation factor was already
masked with &* = —6.3%o0, which was comparable to the
observed reduced atrazine isotope fractionation factor of
atrazine hydrolysis with &* = —3.5%¢ at an atrazine
concentration of 4000 yg/ L.'8

Implications for Interpretation of Isotope Fractiona-
tion to Assess Biodegradation in Field Studies. The
recognition of cellular mass transfer as a limiting factor in field
settings has implications for both interpretations of isotope
fractionation and the understanding of bottlenecks in micro-
pollutant degradation. For the interpretation of isotope
fractionation at contaminated sites, mass transfer on the
cellular level has received little attention thus far. Instead, the
Rayleigh equation has been extended to explain cases of small
isotope fractionation by introducing different additional
factors: (a) variable degradation rates,”' (b) diffusion- or
dispersion-induced isotope fractionation,”®** (¢) an isotopic
interference from mixing by dispersion or from secondary
sources,””*> and (d) the diminishing effect of a mixing-
controlled transport process,"*>”* or other physical and
chemical heterogeneity.‘w’41

(a) Regarding variable degradation rates, Wanner and
Hunkeler observed decreased changes in carbon isotope
ratios with depth in contaminated clay, which were
explained by a nonuniform, depth-dependent degrada-
tion rate due to nutrient availability in the aquitard.®”
Our results suggest that mass-transfer limitation by cell—
wall permeation could provide an alternative explan-
ation.

(b) As per dispersion, several studies have assumed that
isotopologue-specific transverse dispersion may explain
isotope patterns observed in transverse profiles of
steady-state plumes.**® In contrast, recent work from
our lab demonstrates that diffusion- and transverse
dispersion-induced isotope fractionation of BAM at
natural isotopic abundance in a 2-D flow-through
sediment system is negligible:>* Diffusion- and trans-
verse dispersion-induced isotope enrichment factors &
were smaller than —0.4%o, and changes in carbon and
nitrogen isotope values were within +0.5 and +1%o,
respectively. Thus, isotope effects of the dispersion can
be excluded as an explanation of the observed isotope
patterns in the present study.

(c) With regard to mixing with a secondary source,
Prommer et al.”> observed muted carbon isotope
fractionation of toluene with decreasing toluene
concentration at a tar oil-contaminated field site. The
failure to detect strong changes in the isotope gradient at
low concentrations was explained as the combined result
of the additional dissolution of fresh toluene that would
dwarf any degradation-induced changes, and a lack of
degradation. Muted isotope fractionation was also
reported for N,O when tracing microbial N,O
production and consumption, where Wenk et al.”?
observed significantly weaker N and O isotope effects

https://doi.org/10.1021/acs.est.0c08566
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than expected in lake basins at N,O < 80 umol/L.
Therein, the interference from sedimentary N,O
consumption or production was considered as the
potential reason. Alternatively, our study brings forward
mass-transfer limitation at the cellular level as a possible
explanation.

(d) When mass transfer is considered, aquifer heterogeneity
is commonly assumed to be the main factor during the
reactive transport of contaminants. Druhan and Maher*
simulated diminished isotope fractionation by describing
the reactive transport with a travel time distribution as a
modifying factor in the Rayleigh equation. Our results
show that observable isotope fractionation can be
strongly masked by membrane mass transfer even in a
homogeneous system.

Our findings are, however, in line with the work on
microbial sulfate reduction, where studies®>”>~"” converge to a
balance between the mass transfer of sulfate through the cell
membrane and net sulfate respiration rates, with decreasing
isotope fractionation at decreasing extracellular sulfate
levels.”******" Wing and Halevy® combined kinetic sulfur
isotope fractionation, selective sulfate uptake, and equilibrium
between extracellular and intracellular sulfur pools. Our model,
in contrast, suggests that isotope fractionation may not
decrease linearly with concentrations—as conceptualized by
Wing and Halevy® and implemented by Crowe et al.*'—but
would follow a steeper decline within a narrower range as
defined by Michaelis—Menten enzyme kinetics, as hypothe-
sized by Habicht et al.>°

To further highlight the impact of mass transfer through the
cell membrane, Figure Sb compares simulations using the
Rayleigh equation (red solid line) and simulations from a
reactive transport model with (blue solid line) and without
(blue dashed line) cellular mass transfer. According to Figure
Sb, a direct application of the Rayleigh equation at low
remaining concentrations would significantly underestimate
the extent of degradation. Even reactive transport modeling
without the mass-transfer limitation on the cellular level would
fail to explain the extent by which observable isotope
fractionation was diminished at low concentrations. This
illustrates that it is important to consider mass transfer at the
cellular level in reactive transport models.

Implications for Bacterial Adaptation to Biodegrada-
tion at Low Concentrations. Figure Sa reveals three
different concentration regimes that give rise to different
limitations and adaptations of bacterial activity. In regime (i),
where BAM concentrations were higher than the threshold of
around 600 yg/L (z = 7—10 cm, blue data points in Figure Sa)
isotope fractionation followed a trend close to Rayleigh-type
isotope fractionation, indicating an unlimited substrate supply
into the cells. In regime (ii), at the plume fringes (z = 6 and 11
cm, green data points in Figure Sa), the combination of lower
concentrations and higher biomass created a constellation in
which mass transfer became limiting and isotope fractionation
started to become masked. When moving further toward the
low-concentration regime (z = S, 11—-13 cm) isotope values
continued to decline due to the mass-transfer limitation. In
regime (iii), when substrate concentrations became even lower
(z = 1—4, 14—16 cm, purple data points in Figure Sa), changes
in isotope values remained equally small. At the same time,
however, the remaining concentration fraction f was higher
corresponding to a smaller extent of degradation. Therefore,
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(a) Carbon-isotpe ratios
vs. remaining-BAM
concentration ratios

(b) The logarithm of carbon-
isotpe ratios vs. remaining-
BAM concentration ratios

T 0.05
1.014 2 :zcrexp \ — Rayleigh
— “Cdim Eg\
= = 185 2
_ 1.012 ‘C-nolim - i 0.04
§ 1.01
8
8
~S 1.008
o
b
x 1.006
1.004
1.002 0
10* 10° 102 107 -6 -4 -2
fll In(f) [-]

Figure 5. (a) A5"C plotted against the remaining fraction of BAM in
the bulk solution after normalization to conservative transport
concentrations f(z) = €ac(2)/Coonservative(2). Measured data were
labeled with the position of each outlet port (z = 1—16 cm, from the
lower to upper boundary). Regime (i) (blue data points) represents
AS"C with none-to-little mass-transfer limitation; Regime (ii) (green
data points) represents A5"C with strong mass-transfer limitation;
Regime (iii) (purple data points) represents AS™C with the
combined effect of strong mass-transfer limitation and physiological
limitation. Panel (b) represents the relation between In(f) and In(R,/
Ry). The blue solid line represents the simulated trend in isotope
ratios when considering both dispersion and mass-transfer limitations
on the cellular level. The blue dashed line neglects the cellular mass
transfer but accounts for the effect of the dispersion on degradation-
induced isotope ratio gradients. The red solid line represents the
classical Rayleigh relation that would be observed in a well-mixed
experimental batch with £ = —8%o.

these greater values of f indicated a slowdown of
biodegradation, which may point to physiological adaptation
or decreased biomass at such lower concentrations. Given that
in this very low-concentration region bacteria were less
metabolically active,”' degradation was likely not only mass-
transfer limited but in addition limited by subsequent bacterial
adaptation. The reactive transport model (solid blue line in
Figure Sa) accurately simulated the trend in f values and the
decrease of isotope values in regime (i) and (ii). However,
because the model did not include bacterial adaptation, it did
not capture the countertrend toward larger f values at even
lower concentrations in regime (iid).

The results of this study revealed a concentration-dependent
microbial degradation in a bench-scale physical aquifer model
that was limited by mass transfer at the cellular level, at low
concentrations, and, possibly, subsequent bacterial adaptation.
The results further demonstrate that the assumption of a
constant isotopic enrichment factor over the entire substrate
concentration range would not be appropriate when evaluating
such biodegradation and bacterial activity at low concen-
trations. To account for this, reactive transport models need to
be complemented by a term accounting for mass transfer
through the bacterial cell membrane. Finally, the relationship
between degradation, In(f), and isotope fractionation, In(R,/
Ry) (Figure Sa), holds potential to recognize underlying
limitations (mass transfer vs physiological adaptation) during
ongoing biodegradation. The approach may, therefore, help to
identify optimum substrate concentrations for maximum
degradation (points farthest to the left in Figure Sa) in
bioremediation schemes.
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Chemicals

The following chemicals were used: 2,6-dichlorobenzamide (Sigma Aldrich, Germany), 2,6-

dichlorobenzamide-3,4,5-d3, 98.4%-ds (Alfa Chemistry, Ronkonkoma, NY).

The following chemicals were used for the medium preparation: disodium phosphate (6
g/L), monopotassium phosphate (>99%), ammonium chloride (>99%), magnesium sulfate
heptahydrate (>98%), calcium chloride dihydrate (>99%), boric acid (>99.5%), manganese
sulfate monohydrate (>99%), copper sulfate pentahydrate (>98%), zinc chloride (>98%),
cobalt chloride hexahydrate (>98%), sodium molybdate monohydrate (>99%), glucose, and

ferric chloride (>98%). All the chemicals were from Sigma Aldrich, Germany.

Sample Preparation and Solid-phase Extraction (SPE)

Samples for carbon and nitrogen isotope analysis were filtered through 0.2 uM PES filter
(Nalgene Thermo Scientific, Germany) and frozen at -20 °C immediately after each sampling
event until enough sample volume (2 L) was collected. Samples for concentration
measurements were filtered through 0.22 pM syringe filters (Merck KGaA, Germany),
adjusted to pH 1.7 with HCl and spiked with internal standard 2,6-dichlorbobenzamide-3,4,5-
d3 before solid phase extraction (SPE). The SPE method was adapted from Torrent6 et al.! and
Jensen et al.%. For the SPE of isotope samples, 0.2 g of hydrophobic polymer-based sorbent
Bakerbond SDB-1 (J.T. Baker, USA) was self-packed into empty 6 mL PP SPE cartridges with
PE frit (20 um pore size; Sigma Aldrich, Germany). The cartridges were conditioned with 3
mL ethyl acetate, followed by 2 x 3 mL methanol and 2 x 3 mL Milli-Q water. 200 — 2000 ml
samples were loaded to the SPE columns at a rate of 3 mL/min. After sample loading, the
cartridges were washed twice with 3 mL of Milli-Q water and dried for 2 hours. BAM was
eluted with 3 mL ethyl acetate, dried under a gentle stream of nitrogen at room temperature,
and re-dissolved in 100—1000 pl ethyl acetate for CSIA. For the SPE method of concentration
samples, 50 mg sorbent was packed in the 1 mL empty PP SPE cartridge with PE frit (20 pm
pore size; Sigma Aldrich, Germany). The cartridges were conditioned with 1 mL ethyl acetate,
followed by 2 x 1 mL methanol and 2 x 1 mL Milli-Q water. 1 ml samples were slowly loaded
to the SPE columns. After sample loading, the cartridges were washed twice with 1 mL Milli-
Q water and dried for 1 hour. Compounds were eluted with 1 mL acetonitrile, dried under a
gentle stream of nitrogen at room temperature, and re-dissolved in 100-1000 pl 10%

acetonitrile water solution for LC-MS/MS measurements.
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BAM and 2,6-DCBA Concentration Measurements on LC-MS/MS

The method of the concentration measurement of BAM and 2,6-DCBA on LC-MS/MS
was adapted from Jensen et al.” Briefly, liquid chromatography (LC) was performed on an
Agilent 1100 HPLC system including a column compartment, an autosampler, a binary pump
system, and a degasser (Agilent Technologies Inc, USA). Mass spectrometry (MS) was
operated on a QTrap 4000 system using electrospray ionization (ESI) (Sciex, USA). Separation
was carried out on a Kinetex® C18 column (2.6 um, 10 nm, 100 x 2.1 mm i.d., Phenomenex,
USA) at 40 °C. Mobile phase A was 5 mM of ammonium acetate with pH of 2.4 (adjusted by
formic acid). Mobile phase B was acetonitrile. A gradient flow of 300 pL/min was used as
follows: 0—5 min, 90% A; 5-9 min, 90%—10% A; 9—-10 min, 10%—-90% A; 10—15 min, 90% A.
The injection volume was 10 pL. Each sample was analyzed twice in multiple reaction
monitoring (MRM) mode with a temperature of 450 °C, a nebulizer gas at 50 psi, a heater gas
at 40 psi, a curtain gas at 20 psi, and a collision gas at 11 psi. 2,6-Dichlorobenzamide and 2,6-
dichlorobenzamide-3.4,5-ds (internal standard) were analyzed in positive mode with a capillary
voltage at 4.5 kV. 2,6-Dichlorobenzoic acid was analyzed in negative mode with a capillary
voltage at -4.5 kV. For each sample, two transitions were selected. The fist transition was used

for quantification and the second transition was used for qualification (shown in Table S1).

Table S1. Parameters of target analytes on MS

Compound Precursor Product Declustering  Entrance Collision  Cell exit
ion (m/z) ion (m/z)  potential (V)  potential (V)  energy (V) potential (V)
2,6- 190 173 75 10 29 7

Dichlorobenzamide

190 145.3 75 10 40 7
2,6- 193.1 176.1 70 10 27 7
dichlorobenzamide-
3,4,5-d3

193.1 148.0 70 10 42 7
2,6-dichlorobenzoic 189 144.9 -26 -3 -13 -8
acid

189 35.2 -26 -3 -33 -3
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Carbon and Nitrogen Isotope Measurements on GC-IRMS

This method was described by Sun et al®. Briefly, a TRACE GC Ultra gas chromatograph
(Thermo Fisher Scientific, Italy) and a Finnigan MAT 253 isotope ratio mass spectrometer
(IRMS) were coupled through a Finnigan GC Combustion III interface (Thermo Fisher
Scientific, Germany). A DB-5 analytical column (30 m, 0.25 mm i.d., 0.5 um film, Agilent
Technologies, Germany) was used to separate BAM in the gas chromatograph. Helium (grade
5.0) was the carrier gas. For the isotope measurement of the high BAM concentration samples,
we used a Thermo injector in the split/split-less injection mode; for the isotope measurement
of the low BAM concentration samples, we applied a programmable injector controlled by an
Optic 3 system with liquid N2-cryofocusing (ATAS GL, distributed by Axel Semrau, Germany)
in on-column injection mode, in which a Rxi retention gap (fused silica, 3 m x 0.53 mm inner

diameter) (RESTEK, Germany) was connected to a custom made on-column liner.

In the split/split-less injection mode, the GC method started at 80 °C. At a ramp rate of 15
°C/min, temperature increased to 280 °C and was held for 7 min. The flow rate was kept
constant at 1.4 mL/min. In the on-column injection mode, the GC oven started at 35 °C and
was held for 30 s. At a ramp rate of 5 °C/min, temperature increased to 80 °C. Then at a ramp
rate of 15 °C/min, temperature increased from 80 °C to 280 °C. In the Optic 3, the method
started at an initial temperature of 40 °C and was held for 300 s. Then temperature increased
to 250 °C at a ramp rate of 2 °C/s. The initial flow rate was 0.3 mL/min and was held for 120
s. Then it was increased to 1.4 mL/min within 2 min. Thus, before the GC temperature program

started a stable flow rate of 1.4 mL/min was established.

We used Vienna PeeDee Belemnite (V-PDB) and Air-N2 to determine the carbon isotope
values 6'°C [%o] and nitrogen isotope values 6'°N [%o] of the samples. We calculated the carbon
and nitrogen isotope values 6'°C and §'°N of the samples in relation to a lab reference gas (CO:2
and N2, respectively. In the beginning and the end of each run, the reference gas was measured
against V-PDB and air by using international reference materials (provided by IAEA), e.g., the
CO2 gases RM 8562, RM8563 for CO2, and RM 8564 and NSVEC (N2) for No.

Medium Preparation and Bacteria Cultivation

The medium for the growth of Aminobacter sp. Strain MSH1 in the biotic tank experiment
was adapted from Schultz-Jensen et al.* Briefly, medium solution was prepared with Na2HPO4
(6 g/L), KH2PO4 (3 g/L), NH4Cl (1 g/L), MgS04 x 7H20 (0.2 g/L), CaCl2 x 2H20 (0.01 g/L)
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and autoclaved at 120 °C. After autoclaving, 10 mL from the trace element stock solution was
filtered through 0.22uM syringe filters (Merck KGaA, Germany) and added to 1 L medium
solution. The trace elements stock solution was H3BO3 (39 mg/L), MnSO4 % H20 (84.5 mg/L),
CuSOs x 5SH20 (125 mg/L), ZnCl2 (69 mg/L), CoCl2 x 6H20 (119.5 mg/L), and Na2MoO4 x
H20 (121 mg/L).

Aminobacter sp. Strain MSH1 was from the Department of Geochemistry, the Geological
Survey of Denmark and Greenland (GEUS), Denmark. The strain on the sterile plates was
transferred to the medium solution with a sterile needle. Precultures were made in 1 L shaker
flask containing 200 mL medium solution. 2 mL of autoclaved glucose were added to 200 mL
medium solution as carbon source. To ensure that the culture maintain its BAM-degrading
ability, BAM was added to the medium (10 mg/L). The preculture was incubated in an orbital
shaker at 130 rpm at 20 °C until an optical density (OD) of 1 was reached. The preculture with
OD = 1 was centrifuged in four 50 mL centrifuge tubes at 4000 rpm for 5 min. Cell pellets
were resuspended and washed in 10 mL medium solution (without glucose or BAM) for three
times to remove the remaining glucose or BAM in the preculture. Finally, the suspended
bacterial cell pellets were resuspended in 2 L medium solution (without glucose or BAM); the

experimental culture with OD value of 0.1 was ready for the inoculation to the tank.

Set-up of the Two-dimensional Flow-through Sediment Tank Experiment

The quasi-two-dimensional tank was made up of two glass plates, separated by a Teflon
spacer, and all fitted into two aluminum rims at either side of the chamber which were screwed
together. The tank respectively was fitted with sixteen, equally spaced (at 1.0 cm distance
each), ports at the inlet and outlet to accurately inject different constituents at specified depths
and to sample with a high depth resolution at the outlet. The inner dimensions of the domain
were 95 cm x 18 cm % 1 cm (L x H X W), so that the tank represents a quasi-two-dimensional
system. The tank was wet packed with sterilized sand (0.8—1.2 mm grain diameter). Stainless
steel capillaries and tygon pump-tubes are used to connect to inflow and outflow peristaltic
pumps (Ismatec, Germany). The pumping rate was maintained at 45 = 2 uLL/min per port. The
seepage velocity was 1.25 m/d. The tank was sterilized with 12 g/ NaOH solution and rinsed

with autoclaved Milli-Q water before the experiment.

Additional Equations for the Mass-Transfer limitation Scenario
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We assume that k. [1/s], the mass transfer rate coefficient, primarily describes the
transfer through the cell membrane and neglect the transfer resistance from the bulk solution
to the cell. The mass transfer through the cell membrane between the bulk phase and the
cytoplasm has different effects on the bulk-phase concentration than on the intracellular
concentrations because of the disproportionate bulk solution vs. single cell volumes. Therefore,
eq 1, in the main manuscript, and the following equations, which describe the degradation rates
in the bulk solution, contain the ratio of the biomass concentration over the mass density of
bacterial cells. While the concentration in the cell interior may be expressed in moles of
substrate per volume of pore space, this would not be the concentration experienced by the
enzymes. Thus, comparisons between studies using pure enzymes and those involving bacterial

cells may not be valid.

The fitted value of the coefficient, k.. can be used to estimate the effective diffusion

coefficient Dege [ m?s™'], and the apparent permeability of the cell membrane Pyp,,[ ms™],>7
ko = Papp X Acell _ Deff X Klipw X Acell ( S1 )
tr =

Vcell o X Vcell

where Kjipw [Lwater Lmembrane '] (value of 11) is the lipid-water distribution coefficient of BAM,?

2

Acen and Vg are the surface area and volume of a single cell, 6 um? and 0.9 um?,

9,10

respectively,” " and we can assume that the diffusive distance, o [nm], from the substrates in

the bulk solution to the location of the enzyme is the thickness of two lipid bilayer of the gram-

negative bacterial strain Aminobacter sp. MSH1, o = 10 nm.!!- 12

Governing Equations for the Scenario without Mass-Transfer Limitation

In the simulation scenario without mass transfer limitation, the mass transfer process
through the cell membrane was neglected, thus only the substrate concentrations in the bulk

solution were simulated. The BAM degradation pathway can be simplified as,

BAM
Thydr

BAMpyx — DCBApyk

DCBA

DCBApuik + Oz, LN CO, + ATP + biomass

in which BAM was irreversibly hydrolyzed to the main intermediate 2,6-DCBA via an amidase
enzyme, then 2,6-DCBA is either degraded to CO2 and ATP via aerobic respiration or utilized

for the synthesis of biomass (CsH702N).
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The reactive transport of substrates in the bulk solution was coupled to microbial dynamics

and was described by the following equations in two dimensions:

al,h BAM

Cbulk 1h .BAM Lh.BAMy _ Lh .BAM
3 =V Vi + V- (Deam * V" Couik) = " Thydr (82)
act?zlk 0 S3
ulk . 02 . . 02 _ 2
5~V Ve TV Doz * VChuik) — Tyeq (53)
g
ulk . v, DCBA ] . w,DCBA 1,.BAM h,.BAM
ar -V VCiR” + V- (Dpcpa * VCpuik ) + igar + “iyelr
t (54)
DCBA
~ Tdeg
axim ]
_ ..im im 5
ot - rgrowth — Tdaughter — rdecay (S )
axmob
=V VX™P + V(D - VX™MP) + rgaughter (56)
hyd lCl])BAlll\:[
1.BAM _ _ hydro u
rhydr = Tnax BAM¢otal + KBAM (S7)
bulk m
o hBAM
h,.BAM _ . ..nydro int
rhydr = @ Tmax BAM¢otal N KBAM (S8)
bulk m
. cbcBA cO2
rDCBA — . Pbio | bulk . bulk (S9)
deg Hmax "=, KDCBA 4 cDCBA Kr?lz_'_cg)uzlk
O _ ., ..DCBA
rdeg =p Tdeg (SIO)

Parameter Uncertainties and Sensitivities

We fitted the log-parameter values (n = 10) using lsgnonlin, a MATLAB built-in nonlinear
least squares data-fitting function, via minimization between model computed and measured
concentration values. The delogorithmized fitted parameter values are presented alongside

additional, fixed, physical parameters in Table S2.

Results of a local sensitivity analysis, performed by perturbing each parameter value by

10% and comparing the model outcome to that of the optimal case, are presented for all relevant
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model output in Figure . The sensitivities presented in Figure are calculated by comparing the
model outcome to measurements at each depth-location. Thus, Figure shows the spatial
dependence of each parameter’s sensitivity, that is, where along the depth profile does a
parameter most influence the model outcome. A linearized uncertainty quantification was
performed on the log-parameter values considering the sum of squared residuals (obtained from
Isqnonlin) and parameter sensitivities obtained from the local sensitivity analysis. The relative
parameter uncertainties are presented, for each parameter, along the legend of Figure . Thus,
the relative uncertainty range for each parameter value is given by the multiple and quotient
(X /=) of the fitted value and its relative uncertainty. That is, the closer the relative uncertainty

is equal to 1, the more accurate the estimated parameter.

The results from our uncertainty quantification suggest that most parameters are well

constrained, in particular, the parameters, kBAM V47 gBAM v anq X  exhibited a
narrow uncertainty range (low relative uncertainty) and these were also the parameters that the
model outcome was most sensitive to. The relative uncertainty for k,.; was not reported,
because a 10% perturbation of the fitted parameter value did not yield a quantifiable change in

the model output, and thus the absolute value of k,;; was poorly constrained.
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Table S2. Flow and transport parameters and reaction rate coefficients, for the reactive transport model,

used as either fixed values obtained from the literature or fitted to measured data.

Symbol Parameter Values Unit References
Transport parameters
dgrain grain size 0.001 [m] experimental
@ porosity 0.45 [-] experimental
lod) longitudinal dispersivity 6 x 10 [m] fitted
a; transverse dispersivity 1.9 x 10 [m] 0= dgrain X 3 /
16
Dpio bacteria diffusion coefficient 1.5 x 10 [m?s!] Kathryn, et
al.®
diffusion coefficient [m?s] Jorgensen, et
DEAM 43 %1010 al.!4
diffusion coefficient [m?s] Ferrel and
DY? 2.2 %107 Himmelblau'?
Biokinetic parameters
kBAM mass transfer coefficient of BAM 7.6 [s] fitted
kDCBA mass transfer coefficient of DCBA 3.9 [s] fitted
k9? mass transfer coefficient of O2 3 x 108 [s1] fitted
KBAM Michaelis Menten coefficient of 0.38 [umol Ly fitted
BAM for the hydrolysis to form
2,6-DCBA
KDCBA Monod coefficient of 2,6-DCBA 10.8 [umol Liy "] fitted
for further degradation
K92 Monod coefficient of O, for further 3.9 [umol Lin!] fitted
degradation of DCBA
rhydro maximum hydrolysis rate constant ~ 67.3 [umol Liy''s] fitted
max from BAM to 2,6-DCBA
ko bacterial attachment rate constant 6.2 x 107 [s] fitted
Unax maximum specific growth rate 1.5 x 107 [s1] fitted
constant
Xinax maximum carrying capacity for 97 [wmolpiomass L] fitted
biomass growth
Y yield coefficient 0.24 [wmolpiomass pmol']  fitted
Veell single cell volume 0.9 [um?] Ellegaard,et
al.!°
Meen dry weight per cell volume 3 %107 [ 1 Ebiomass ] Schultz-
Jensen, et al.*
Phbio biomass density 3 %109 [mOlbiomass Lint™'] Pbio = Meen/
Vcell
Isotope parameters
g¢ C isotope enrichment factor -8 [%0] Reinnicke, et
al.'®
N isotope enrichment factor -13.7 [%o0] Reinnicke, et
eN al.'
Inflow concentrations
cBAM BAM inlet concentration 100 [umol L] experimental
cQ? O; inlet concentration 244 [umol L] experimental
Xpio Biomass inlet concentration 32.6 [wmol L] fitted

The fitted parameters in the model were obtained via the automated model calibration. Other parameters were
determined either by laboratory measurements or from literature.
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Figure S1. Parameter sensitivities plotted at each measurement location along the column depth-profile,
where C;denotes the i-th model outcome and p; the j-th parameter (n = 10). Relative parameter errors
(that is, x /= the fitted parameter value) are presented alongside each parameter in the figure legend.
Parameters with a relative error close to 1 are well constrained. The uncertainty for k. is not reported,

because a 10% perturbation of the parameter did not yield a change in the model output.
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Derivation of the Apparent Enrichment Factor (Equation 18)

The theoretical background of the derivation of eq 18 is based Thullner et al.!” Governing
equations without consideration of isotopologues:
aCbulk Xim 11
o Ktr * (Cint = Chuik) (S11)
10
acint hyd Cint
= ke * (Coutk = Cint) = Ty - —————— (S12)
ot tr ( bulk 1nt) max Cint + Km
Assume quasi-steady state in the bacterial cell interior:
hydro Cint _
ker - (Coulk = Cint) — Tmax m =0 (S13)
hydro (Sl4)
max
= (Chulk ~ Cint) * (Cint + Km) == — " Cine = 0
ktr
2 e ©19
=~ Cine + | Couk = Km == “Cint T Coulk " Km = 0
tr
yields the quasi steady-state interior concentration:
rhydro rhydro 2 (816)
Coulk — Km — m;;’; + <Cbu1k — Km — %) + 4Cpuik * Km
= Cipt =
int 2
Now we consider the light and heavy isotopologues:
light i
O _ X I . (clight _ light (S17)
ot ppg T (Cint  — Cbulk
1
light light
ac& — k. - (Clight _ Clight) _ hydro . Cint (S18)
ot tr bulk int max light
Cint T Km
heavy i
acbulk xm ko heavy heavy (819)
ot pyg T Cint ~ ~ Cbulk
heavy heavy
aCin—t = koo - (Cheavy _ Cheavy) . hydro L (SZO)
— Mr bulk int max heavy
at Cne ~ + Km

With ¢;,; as derived above, quasi-steady state in the interior implies:
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Clight
light light hyd i
ktr'( '8 18 ) YFOIL_O

bulk int max
Cint T Km
heavy
o - (Cheavy Cheavy) _hydro . Cint -0
tr bulk ~ “int - max -
Cint + Km
Clight
light _ bulk
= Cint = hydro
1+ Tmax
ke (Cint + Km)
heavy
- Cheavy _ Chulk
int - hydro
a- r,

max

ktr ' (Cint + Km)

1+

Rate of change of concentration in the bulk phase:

light im
Oy X k. (clight _ light
= K \Cint Chulk

at pbio
im
_ X lisnt 1
- Db tr * Cpulk hydro
bio max

14 —max__ _
ktr (Cint + Km)

heavy im
OChu _ XM ke - (Cheavy Cheavy)
- tr int ~ “bulk
dt pblo 1n u
m
_ X - heavy 1
- Dbi tr Cbulk hydro
bio a-
1 + max
ktr ' (Cint + Km)
Apparent fractionation factor:
heavy
dCpuk | clight
. dt bulk
@ =" igh
dC ight
bulk , .heavy
dt bulk
1 1
. ,.hydro
1+ a rmax
ktr ) (Cint + Km)
1 1
hydro
1 + rmax

ktr ' (Cint + Km)
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hydro
max
tr

hydro

max
Cint + K m k
tr

hydro

max
Cint + K m k
tr

Substitute eq S16 into eq S27, we will get the final equation:
(S28)

*

a

rhydro hydro 2
max max
Coulk + Km + Ker + <Cbu1k — Ky — Ker > + 4cpuik - Km

Thydro rhydro 2
Coulk + Km + 2a —1) - m]?; + <Cbulk —Km — m]?; ) + 4cpuik - Km

The calculation based on eq 18 and the one based on Thullner et al (eq S29) yielded same

estimations (Figure 4).

(S29)
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Additional Supporting Figures
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Figure S2. Simulated transient development of isotope values A§*3C, BAM concentration cpayl, total
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2.3 Response of BAM-degradation activity to concentration and

flow changes in a bench-scale sediment tank

2.3.1 Introduction

Anthropogenic groundwater pollution by organic chemicals, which are discharged from
industrial production, domestic and agricultural activities, has become a prominent concern for
potable water supply, human health, and natural ecosystems.!® Although many organic
pollutants are biodegradable, they are frequently found in the environment at microgram- to
nanogram-per-liter concentrations, exceeding maximum contaminant levels or health advisory
levels and raising toxicological concerns.! Understanding the reasons for the slow degradation
of organic micropollutants - or their persistent metabolites - at such low concentrations, and
finding solutions for better management and bioremediation strategies are, therefore,

prominent current research challenges.*

BAM (2,6-dichlorobenzamide) is a metabolite of the widely applied herbicide dichlobenil
and of the fungicide fluopicolide. It has a high water solubility of 2.7 g/L with a log K,,, of
0.77,% and it is a ubiquitous organic micropollutant frequently detected above drinking water
thresholds (0.1 pg/L)® in groundwater in many European countries.®® To purify BAM-polluted
groundwater, bioremediation is an effective approach both in-situ and ex-situ.® 012
Specifically, by implementing bioaugmented sand filters, BAM can be degraded or mineralized
to low concentration levels.® 3-1¢ The most well-studied strain for the bioaugmentation of sand
filters is Aminobacter sp. MSH1, an aerobic, Gram-negative, motile but potentially non-

chemotactic!’ strain that utilizes BAM as the sole source of carbon, nitrogen, and energy.®

However, a specific challenge of bioremediation is that the rate of BAM degradation
appears to decrease over time in long-term purification schemes.® 1318 BAM degradation
efficiency can decrease to less than 20%, and it can be difficult to maintain efficient degradation
for more than two to three weeks due to the loss of inoculated bacteria (e.g., predation, wash
out).t® 141618 A manifestation of this phenomenon is the observation that the degree of
biodegradation, that is, the extent to which concentrations decrease relative to their initial value
for a given residence time drops at low BAM concentrations.® 18 1° Studies have argued that a
potential limiting factor for biodegradation of BAM at low concentrations is rate-limiting mass

transfer of the contaminant from the bulk solution into the bacterial cell.?® 2 Further,
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physiological limitations that decrease the overall enzymatic activities inside bacterial cells
may be a factor, such as detachment or death of cells, down-regulation of functional genes, or
reduced activity of catabolic enzymes due to a physiological response to oligotrophic

conditions.1% 2

Perturbations via transient contaminant supply in flow-through sediment systems have
shown promise in enhancing the efficiency of bacterial biodegradation of contaminants.’? 2 A
potential explanation is that bacteria pre-adapted to a given target contaminant at a certain
threshold concentration may stay active even at low contaminant concentrations or regain
biodegradation ability faster than bacteria that have not been exposed to the contaminant
before.!? 2327 A possible alternative mechanism is that transient flow and/or transient
contaminant load may spread microbial biomass over a larger area, potentially yielding an
improved degradation capacity.?® 2831 Currently, there remain knowledge gaps regarding (i)
how microbial activity responds to different system perturbations, (ii) whether system
perturbations can yield promising degradation efficiency over a long time, and (iii) how to
recognize the underlying limitations (physiological vs. mass-transfer limitation) in response to

system perturbations.

To address these knowledge gaps, we applied compound-specific stable isotope analysis
(CSIA) — an advanced approach for the interpretation of biodegradation. Since both chemical
and enzymatic reactions typically favor light isotopes, molecules with heavy isotopes are
transformed more slowly and thus become enriched in the remaining substrate. Therefore,
changes in stable-isotope values of the contaminant over time can provide evidence of
biodegradation.? 323 In the specific case that the enzymatic reaction is rate limiting and that
the pseudo first-order rate coefficient of two isotopologues are in a fixed ratio, the observable
isotope fractionation in the bulk phase and the remaining fraction of the substrate follows the

Rayleigh relation®” %8 (Figure 2.1c, left):

("c/lo)e S +1
(hc/lc)g  Sp+1 U (2.1)

in which Pc and !c represent the concentration of heavy and light isotopologues, respectively;
f = c:/c, represents the remaining fraction of the substrate; and &,, and &, represent the

isotope values at time zero and at time ¢, respectively.
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Recent research has probed the behavior of isotope fractionation, driven by inhibited
biodegradation under mass transfer (into the bacterial cells) limiting conditions.?% 341 As long
as enzyme turnover is slow in comparison to mass transfer into and out of the bacterial cell,
isotope effects of the underlying intracellular enzyme reactions can be measured in the bulk
phase, because molecules that have experienced this isotopic discrimination diffuse out of the
cell. This is more likely to occur at high concentrations.*?> At low concentrations, by contrast,
mass transfer becomes rate-limiting if the catabolic activity remains high whereas the substrate
supply is limited, such that the enzymatic turnover is rapid in comparison.?’ Consequently,
substrate molecules are converted before they can diffuse back to the outside of the cell so that
changes in substrate isotope ratios of the cell interior are no longer reflected in the bulk solution
(observable isotope fractionation is masked, Figure 2.1c, right).2%4%41 If jsotope fractionation
according to the Rayleigh equation can nonetheless be observed at low concentrations (Figure
2.1c, left), the mass transfer is either sufficiently fast also at small concentrations, or the
bacteria have downregulated overall enzyme activity in response to the surrounding low
concentrations, slowing down enzymatic turnover to match the slow mass transfer
(physiological adaptation).?? A decrease in isotope fractionation at low concentrations, beyond
the trend expected from Rayleigh fractionation, is indicative of mass-transfer limitations that
have been observed in various experimental setups with either suspended cells or attached cells
on sediments adapted to oligotrophic concentrations.*® 41 46 47 These results suggest that
isotope fractionation may be used as a performance indicator to characterize changes in
biodegradation activity: (i) use isotope fractionation in conjunction with other variables (e.g.,
concentrations, cell numbers, metabolite/parent ratios) to follow the change of the system in
response to perturbations; (ii) use isotope fractionation as an indicator of underlying limitations

when the system is operating under different quasi-steady-state conditions.

In this study, we characterized the response of microbial BAM degradation in a flow-
through sediment tank inoculated with the BAM-degrading bacterial strain Aminobacter sp.
MSH1, which was exposed to a transient supply of elevated contaminant concentrations as a
priming strategy. In addition, we took advantage of an inadvertent temporal flow fluctuation in
the sediment system to investigate how the perturbations changed bacterial activity and the
associated biodegradation efficiency in space and over time. By injecting a BAM solution
through a single, central inlet port of the tank while injecting a BAM-free oxygen-saturated
solution through parallel ports above and below, we created transverse cross-gradients of BAM

and dissolved oxygen. Thus, concentrations (ug/L) at the fringes of the BAM plume mimicked
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typical oligotrophic conditions in groundwater or raw water-treatment facilities (e.g., sand
filters). In addition, the upper and lower regions of the tank could be regarded as
physical/technical replicates because they were operated under identical external conditions.
We expected that they would give identical mirror images of hydrochemical profiles. We
increased the inlet substrate concentration as a priming strategy to stimulate biomass growth
and the degradation activity of the bacterial strain. Subsequently, we decreased the inlet
concentration back to the initial conditions. In a recent study, we have modeled a subset of this
experimental data corresponding to a momentary steady-state profile as a proof-of-principle to
reveal the relevance of mass transfer through the cell membrane as a limiting factor for
biodegradation at low contaminant concentrations.*® The present study takes one step further
and analyzes the long-term adaptation of the system and its response to concentration and flow
changes. Isotope analysis served to explore which factors (namely mass transfer or bacterial
physiology) were limiting under different quasi-steady-state conditions, specifically at low

concentrations and with improved system adaptation over time.

2.3.2 Methods

Setup of the Quasi-Two-Dimensional Flow-through Sediment-Tank.

The setup of the tank system was adapted from Bauer et al.*® and has been detailed in Sun et
al.** 4 Briefly, the tank with inner dimensions of 95 cm x 18 cm x 1 cm (Figure 2.1a, quasi-
two-dimensional) was wet-packed with uniform quartz sand (diameter of 0.8—-1.2 mm). Sixteen
equally spaced (1.0 cm) ports were emplaced at the inlet and outlet of the tank. An anoxic BAM
solution was injected at the center of the inlet ports (at z = 8 cm), whereas oxic medium was
introduced through the other inlet ports, and samples were collected at quasi-steady state at the
outlet ports. Detailed information about the preparation and setup of the tank experiment,

chemicals, liquid media, and bacterial cultures is provided in the supporting information (SI).
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Figure 2.1 (a) Simplified tank setup and the sketch of the plume shape. (b) Sequence of experimental
phases with BAM inlet concentration of 50 mg/L (phase 1), 100 mg/L (phase 2), and 50 mg/L (phase
3) at the central inlet port (z = 8 cm). Grey shades: periods over which integrated samples were taken
for isotope analysis at quasi-steady state; red dashed line: day of inoculation; dash-dotted lines: days of
flow fluctuation; dashed line: day of sediment sampling for attached bacterial cell number counting
(day 170). (c) Conceptual sketches of expected isotope fractionation with decreasing concentrations
without (left) and with (right) mass-transfer limitation.

Before the inoculation, the tank was operated in an abiotic experimental phase to establish
a stable, conservative concentration distribution in the tank by continuously injecting a 50 mg/L
sterilized, anoxic BAM solution at the central inlet port (atz = 8 cm) and a sterilized oxic
medium through all other inlet ports. The pumping rate of all ports was maintained at 45 + 2
pL/min/port. After running the abiotic experiment for four days, a stable, conservative plume
established.*® Subsequently, we started the biotic experiment by introducing an inoculum

(without carbon or nitrogen source) of the strain Aminobacter sp. MSH1 (with a cell density of
96



1 x 107 cells/mL) at a flow rate of 45 + 2 puL/min/port to all ports except the central one for 24
hours. After inoculation, we stopped the flow for three hours to allow the bacteria to adhere to
the sediment. The first day after the inoculation was denoted day 1. The experiment consisted
of three phases (Figure 2.1b), with sequential changes of the BAM inlet concentration through
the central port from 50 mg/L (phase 1) to 100 mg/L (phase 2), and back to 50 mg/L again
(phase 3). Specifically, in phase 1, we injected a 50 mg/L BAM solution through the central
port, and all concentrations in the respective outlet ports were at quasi-steady state from day 5
to day 26. On day 27 and day 35, flow inadvertently fluctuated due to partial blockage of
individual tubes connected to the outlet ports such that the system was not at steady state
anymore during a short intermittence. After normal flow was reestablished, we started phase 2
of the experiment by increasing the BAM inlet concentration through the central port to 100
mg/L on day 50. The concentrations in the outlet reached a quasi-steady state on day 66. The
system continued running at 100 mg/L BAM inlet concentration till day 135. On day 136, we
decreased the inlet BAM concentration through the central port back to 50 mg/L (phase 3).
During the last experimental period from day 140 to day 169, changes of concentrations were
minimal, yielding a quasi-steady state. At the end of the experiment (day 170), sediment

samples were collected from the tank in different depths along different vertical cross-sections.

Samples for concentration measurements of BAM and its metabolite 2,6-dichlorobenzoic
acid (2,6-DCBA), isotope measurements, and bacterial cell counting (TCC,,.) were collected
at each outlet port. In each experimental phase, concentration samples (1 mL) were taken every
three to five days, while samples for isotope analysis were continuously collected until one to
two liters of sample for isotope analysis had accumulated at each outlet position. In phase 1,
with 50 mg/L BAM inlet concentration at the central port, samples for isotope analysis were
collected from day 5 to day 26. In phase 2, with a 100 mg/L BAM inlet concentration at the
central port, we collected isotope samples over two periods, from day 66 to day 98 and from
day 99 to day 135. The quasi-steady-state data from the second sampling period (phase 2) has
been presented by Sun et al.*? as a subset of the results discussed in full here. In phase 3, with
the BAM inlet concentration at the central port back to 50 mg/L, we collected isotope samples
from day 140 to day 169 (Note: All sampling times are given in days after inoculation).
Samples for concentration and isotope measurements were all filtered through 0.22 uM syringe

filters (Merck KGaA, Germany) and stored at -20 °C until analysis.
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Carbon Isotope Analysis of BAM.

Biodegradation of BAM by Aminobacter sp. MSH1 has previously been shown to induce
strong carbon isotope fractionation with isotopic enrichment factors e = -7.8 + 0.2%o at high
concentrations in batch experiments.42 For the carbon isotope measurements of BAM, samples
concentrated in ethyl acetate after solid-phase extraction (SPE) were measured on a GC-IRMS
system in which a TRACE GC Ultra gas chromatograph (Thermo Fisher Scientific, Italy) was
coupled to a Finnigan MAT 253 isotope-ratio mass spectrometer (IRMS) through a Finnigan
GC Combustion Il interface (Thermo Fisher Scientific, Germany). The separation was carried
out on a DB-5 analytical column (60 m, 0.25 mm i.d., 0.5 um film, Agilent Technologies,
Germany). The typical uncertainty of carbon isotope measurements is £0.5%.. A detailed
method description, including sample preparation and SPE, is provided in the SI.

Concentration Measurements of BAM, DO, and Total Cell Counts.

By adopting the method of Jensen et al.,>° concentrations of BAM and 2,6-DCBA were
measured by liquid chromatograph-tandem mass spectrometry (LC-MS/MS) after SPE for
sample preparation. Compound separation was performed using a Kinetex® C18 column (2.6

pm, 10 nm, 100X 2.1 mm i.d., Phenomenex, USA) at 40 °C. A detailed method description is

provided in the SI. We calculated the fraction f of residual BAM concentrations c3ig4¢ relative
to the initial BAM concentrations that would be expected in the absence of biodegradation
(cabiotic) hased on the concentration profile on the fourth day of the initial abiotic experiment
(see above and Sun et al.*) by:
= chigie /e )

DO concentrations along the vertical cross-sections at the inlet, in the middle, and at the
outlet of the tank were monitored by reading oxygen-sensitive polymer optode foils (18 cm x
0.5 cm, PreSens GmbH, Regensburgs, Germany) in the inner side of the tank with a FIBOX2
Fiber-optic oxygen meter (PreSens, Regensburg, Germany). For total cell counts of the
washed-out bacteria, samples (1.5 mL) were collected every 3-5 days from the outlet ports of
the tank, fixed with glutaraldehyde (2.5% final concentration), and stored at 4 °C. For the total
cell counts of the attached bacteria on the sediments, sediment samples (2 mL) were collected
at the end of the experiment on day 170. All samples were treated according to the method of
Bayer et al.®! before staining with SYBR Green | and quantification on a Cytomics FC 500

flow cytometer (Beckmann Coulter, Hebron, KY). To further confirm the presence of the strain
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Aminobacter sp. MSH1 at all depths (z) of the tank, terminal restriction fragment length
polymorphism (T-RFLP) analysis was performed to target bacterial 16S rRNA genes. DNA
isolation was done for samples collected at each depth at the end of the experiment according
to the protocol described in Pilloni et al.>? The PCR thermo profile and T-RFLP process are
further described in the SI.

2.3.3 Results and discussion

Distribution of Solutes and Biomass.

Figure 2.2 summarizes results of the three experimental phases with BAM inlet concentrations
in the central port of 50 mg/L, 100 mg/L, and 50 mg/L, respectively, as well as snapshots during
the phase of flow-fluctuation at the end of phase 1. The vertical profiles in the three phases
show the typical plume-fringe pattern,? 23 48.53-55 that is, the hot spots of biomass growth
(reflected in the washed-out cell number) were located at the plume fringes where BAM and
DO mixed due to transverse dispersion, with steep DO concentration gradients developed
towards the plume center. At the hot spots in the plume fringes, BAM degradation was most
efficient, indicated by the lowest fraction f and the highest ratio of 2,6- DCBA to BAM
concentrations (Figure 2.2 e, f). In the plume center, the washed-out cell numbers (as a proxy
for growth) were lower than at the plume fringes, and the remaining BAM and 2,6-DCBA
concentrations were highest, indicating that the lack of electron acceptor (i.e., DO) limited
biodegradation of BAM and biomass growth. In the uppermost and lowermost regions of the
tank, the washed-out cell numbers and BAM concentrations were the lowest. At these locations,
the electron acceptor was in excess, but the degradation efficiency was lower than at the plume
fringes, with a higher f-value and a lower molar concentration ratio of 2,6-DCBA to BAM.
The observed decrease in BAM degradation capacity with decreasing BAM concentrations
(from the plume fringes to the uppermost and lowermost regions of the plume, Figure 2.2f)
were consistent with the reduced BAM degradation activity of Aminobacter sp. MSH1 at low
concentrations observed in batch and flow channel studies.® '° °¢ The lower bacterial
degradation activity at low concentrations will be discussed together with the results from

isotope analysis below.
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Figure 2.2. Vertical profiles of washed-out cell numbers, concentrations, and concentration ratios.
Column (a): total number of washed-out cells; column (b): BAM concentrations; column (c): 2,6-DCBA
concentrations; column (d): dissolved oxygen (DO) concentrations 2 cm from the inlet boundary (blue
shade), in the middle of the tank (orange shade), and 2 cm from the outlet boundary (grey shade);
column (e): residual BAM concentrations in the effluent relative to the expected concentration in an
abiotic experiment f = chio4c /cabiotic see eq 2.2; column (f): molar concentration ratios of 2,6-
DCBA to BAM in the effluent in three experimental phases and on the flow fluctuation days. Colour
shades represent the range of measurement values during the sampling periods. Data points with error
bars represent the average values with standard errors during the quasi-steady state sampling periods.
Dashed-dotted lines and dashed lines in the second row represent the data on the flow fluctuation days
at the end of phase 1. DO profiles on the flow fluctuation days only represent the data measured along
the outlet cross-section. Samples for concentration measurements were measured every three to five
days from days 5 to 26, 66 to 135, and 140 to 169. Samples for TCC,,,; measurements were measured
on days 17, 19, 47 (phase 1), 81, 83, 87 (phase 2), 155, and 159 (phase 3), respectively.
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Figure 2.3. Vertical profiles of (a) total cell number of washed-out bacteria (TCC,,;), (b) total cell
number of bacteria attached to the sediments (T'CC,.4) on the last sampling day of phase 3 (day 170)
with 50 mg/L inlet concentration, (c) ratio of the cell number on sediments to the washed-out cell
number per unit of bulk volume, (d) specific BAM degradation rate per cell 74¢4_gan ON day 170. In

panel (b), red, yellow, and blue circles represent the measurements of TC C,.4 at 2 cm distance from the
inlet boundary, in the middle, and at 2 cm distance from the outlet boundary of the tank, respectively.
Error bars in panel (a)—(b) represent the measurement errors (standard deviation); uncertainties in panel
(c)—(d) were calculated based on Gauss’ error propagation law by using the standard deviations of

TCCgoq values at different locations.

To better understand bacterial adaptation in the different zones of the BAM plume, we
calculated the ratio of the number of sediment-attached bacteria to the washed-out bacterial
cell number per unit of bulk volume ( TCCseq/TCC,y:) at the end of phase 3 with 50 mg/L BAM
inlet concentration (Figure 2.3). When calculating the ratio TCCseq/TCCoyt, the number of
washed-out (suspended) bacterial cells per unit of water volume (cells Liiquia™®) was transformed
into the number of bacterial cells per unit of bulk volume (cells Louk® = cells Lsea®) by
multiplication with the porosity of 0.45. The number of bacteria attached to the sediment was
13-220 times higher than the number of washed-out bacterial cells. In the center of the plume
(z = 7-10 cm), where there was no substrate (BAM) limitation, the ratio of attached to
suspended cells ( TCCgeq/TCCyyr) Was the smallest. With the widening of the plume, this ratio
increased. This trend of the TCCseq/TCC,,: ratio (Figure 2.3c) mirrors the observations in many
microcosm? °" and field studies®®®2 in which a 10W TCCqeq/TCCoy ratio occurs at high
substrate concentrations, whereas a high TCCg.q/TCC,y: ratio, albeit with overall lower
absolute cell numbers, is typical of substrate-limited oligotrophic conditions.®® %2 This behavior
can be explained by growth-mediated biomass transport.?* 22 When a certain density of the
biomass in micro-colonies is reached, additional cells resulting from biomass growth are

released into the mobile phase and can thus be washed out. In this framework, the increased
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TCCseq/TCC,y; ratio at smaller substrate concentrations indicates slower microbial growth at
lower concentrations. We divided the BAM-mass consumed per time by the cell number of the
attached bacteria to obtain the specific BAM-degradation rate per cell r4eg_gam. In general, we
observed a decreased r4.5_pam With decreasing BAM concentration which was consistent with

the observed trend in the fraction f of transformed BAM in phase 3 (Figure 2.2e, fourth row).

Adaptation of Aminobacter sp. MSH1 and Change of the Biodegradation Efficiency when
Exposed to Different Concentrations.

In phase 1 of the experiment, when we introduced 50 mg/L BAM through the central port,
biodegradation of BAM started immediately after inoculation, and the system stayed at quasi-
steady state from day 5 to day 26. The relatively high number of washed-out cells (Figure 2.2a,
first row) indicated that bacteria were in the planktonic adaptation stage after inoculation, but
not well adapted to attach to sediments. In addition, a fraction of these washed-out cells may
be attributed to leftovers of the inoculation (cells did not initially attach to sediments).
Interestingly, the spatial distribution of the biodegradation activity was not yet symmetric, with
a smaller f-value at the lower than at the upper fringe of the plume (Figure 2.2e, first row).
This observation indicates that the inoculation-induced activity of bacteria was still different
in the two replicate parts of the tank, even after three weeks of operation. This may be attributed
to the non-symmetric distribution of microbial activity, possibly in combination with slight

variations in flow and/or bacterial adaptation.

At the end of phase 1, inadvertent partial “clogging” occurred shortly in the outlet ports
on day 27 and day 35, which provided an opportunity to investigate the response of the system
to a flow fluctuation. The plume of BAM slightly shifted upwards along with the fluctuation
of 2,6-DCBA (Figure 2.2) and DO (Figure S1). More BAM was degraded as indicated by
decreased BAM concentrations (Figure 2.2b, second row) and a decreased f-value (Figure 2.2¢,
second row). After the clogging was removed, the previous flow regime re-established, and the
plume went back to its original position. The BAM concentrations remained at lower levels in
conjunction with a smaller number of washed-out bacterial cells by the end of the first period
(day 47). We speculate that the enhanced degradation of BAM could be driven by a better
spread of the bacterial biomass.?® 2 31 Specifically, when the plume center slightly moved
upwards—as indicated by the shift of the conservative tracer metolachlor (Figure S2)—it
reached the previous plume fringes where biomass hot spots were located. In addition, a shift

of the BAM plume induced a shift in the distribution of biomass, leading to a buildup of cells
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at new locations (as depicted in Figure 2.2a second row, the hot-spot fringe shifted upwards
fromz =10 cm to z = 11 cm). Thus, the flow fluctuation (i.e., reduction of the flow rate or
redirection of the plume due to the clogging) led to an unintended priming which stimulated a
more even distribution of biodegradation activity throughout the spatial profile.

In phase 2, we increased the BAM concentration in the central inlet port to 100 mg/L,
establishing a quasi-steady state after two weeks. Even though the increased inlet concentration
would be expected to induce a higher growth rate of attached biomass, the numbers of washed-
out cells were lower than in phase 1 and during the flow fluctuation period. This indicates that
bacteria might not have well adapted until phase 2. Under the assumption that washed-out cell
numbers represented cell growth, we calculated the carbon assimilation rate by dividing the
amount of consumed carbon of BAM and 2,6-DCBA to the amount of carbon of the washed-
out biomass (Table S1). The calculated carbon assimilation rate of 17 £ 10% indicates that
carbon was primarily utilized for cell respiration rather than cell growth (carbon assimilation
for biomass synthesis). Further, a widening of the BAM plume was observed when 100 mg/L
BAM solution was fed through the central inlet port, due to a depletion of oxygen over a larger
width of the plume center. Consequently, the plume fringes where bacteria were particularly
enriched (Figure 2.3b) widened, from the locations at z = 7 cm and z = 11 c¢m to the location
at z=6 cm and z = 11 cm. In addition, the degradation activity became spatially more
symmetric, as seen in the profiles of f-values and metabolite-to-parent compound ratio (Figure
2.2e, f, third row). This observation indicates that a more symmetric distribution of biomass in

the system had developed with the spread of the contaminant plume.

In phase 3 (the final phase), we decreased the inlet BAM concentration from 100 mg/L
back down to 50 mg/L. The remaining BAM concentration decreased within 20 hours after the
switch, and up to an averaged BAM degradation efficiency of 99 + 2% was reached in the
sampling period (day 140 to day 169). The calculated carbon assimilation rate was 7 £ 1%. The
remaining BAM concentrations were generally smaller (Figure 2.4b), and the vertical
distribution of the activity in the tank was more symmetric than in phase 1, even though the
inlet concentration was the same (Figure 2.2e, fourth row). At the outlet ports at z = 9-12 cm,
the f-values were about two orders of magnitude lower, and the isotope fractionation was
generally 5-7%o higher (Figure 2.4). This line of evidence (BAM concentration, f- values, and
isotope value profiles) suggests that the combined effect of the inadvertent flow fluctuation and

increased substrate concentration injection (priming) yielded an increased degradation
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capacity/activity of attached cells and led to a higher degradation of BAM compared to phase
1, at identical BAM inlet concentrations (50 mg/L). It also suggests that once a new quasi-
steady state related to substrate concentration and flow velocity? had been reached, a decrease
in inlet concentrations between phase 2 and phase 3 did not drive an immediate decrease in
bacterial activity. Instead, it persisted for a considerable time (weeks to months).t2 24 3
Specifically, the zones of the highest attached cell numbers on the sediment in phase 3 (z = 6,
9, and 10 cm, Figure 2.2a, fourth row) were wider than the zone covered by the ports of the
highest washed-out cell numbers in the initial operational phase 1 (z = 7 and 10 cm at 50 mg/L
BAM inlet concentration, Figure 2.2a, first row). This implies the persistence of biomass,
established during the high-concentration phase 2, even after the BAM inlet concentration had
decreased. Hence, although the plume width narrowed when the BAM inlet concentration was
reduced from 100 mg/L (phase 2) back to 50 mg/L (phase 3), the observed elevated degradation
in phase 3 indicated that the attached biomass distribution and activity likely remained similar
as in phase 2 with 100 mg/L BAM inlet concentration. This result contrasts with the
observation in phase 1 (large washed-out cell number with overall low degradation capacity)
and the widely observed loss (more than 90%) of initially adhered Aminobacter sp. MSH1
bacteria and the simultaneous decrease in BAM degradation efficiency within the first weeks

after inoculation in many sand-filter experiments without priming.*3 ¢4

Carbon Isotope Fractionation Revealed Underlying Limitations for Biodegradation over

Three Experimental Phases.

To further elucidate the change of the microbial system in response to concentration
changes, we analyzed the isotope fractionation profile along the outlet cross-section and against
the fraction f (Figure 2.4). As recently demonstrated by Sun et al., *° isotope fractionation
induced by dispersion, diffusion, and adsorption is negligible in the tank system so that changes

in isotope values can directly be related to degradation and mass transfer into the cell interior.
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Figure 2.4 Observable isotope fractionation in the three experimental phases with BAM inlet
concentrations of 50, 100, and 50 mg/L through the central inlet port. Panels (a)—(d): vertical profiles
of carbon isotope values 4613C (data with error bars) and mean values of the fraction f of residual
BAM concentration (f = cBigtc/cabiotic purple data points); panels (e)(h): carbon isotope values
AS13C vs. the fraction f—a typical representation of data under the assumption of the Rayleigh relation
(eq 2.1). For comparison, blue solid lines represent the predicted Rayleigh relation between f and
isotope values in the absence of mass-transfer limitation. Data points were labeled with the vertical
outlet sampling position z = 1-16 cm. Isotope data points with gray shadow in the upper panels (a)—(d)
represent the isotope values strongly constrained by mass-transfer limitation (red points) or by both
mass-transfer limitation and slowdown of enzyme reaction rate (yellow data points). Blue data points
represent isotope fractionation close to the Rayleigh relation. Dashed lines connect data points from

adjacent ports as a guide. Error bars represent + 0.5 %o uncertainty of carbon isotope measurements.

The isotope fractionation profile along the outlet cross-section showed a general trend
similar to the one observed and accurately simulated by Sun et al.*°. At high BAM
concentrations (from the center of the plume to the plume fringes, blue data points in Figure
2.4a-c, e—Q), isotope fractionation increased with decreasing remaining BAM concentrations
and decreasing f-values. These trends follow Rayleigh behavior and indicate that degradation
was only limited by the availability of the electron acceptor (i.e., DO). At the plume fringes,
where electron donors and acceptors mixed most efficiently, isotope values were highest,
corresponding to a small f-value and a high concentration ratio of 2,6-DCBA to BAM (Figure
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2.2e, f). At lower BAM concentrations (from the plume fringes towards the upper and lower
boundaries of the tank, red data points in Figure 2.4), the smaller extent of isotope fractionation
(compared to the isotope fractionation that the Rayleigh equation would predict with the given
f-values) revealed that mass transfer became limiting, so that observed isotope fractionation
was strongly masked (“threshold region’). At locations where BAM concentrations were even
lower (0.1-3 ug/L, in the uppermost and lowermost regions, yellow data points in Figure 2.4),
changes in isotope values remained small relative to the isotope values in the threshold region.
Beyond this general trend of isotope fractionation that was already observed by Sun et al.,*
the design of our experiment in three phases enabled us to follow the relationship between
isotope fractionation and the f-value over time (Figure 2.4e-h) and to explore whether it can
elucidate the limitations of BAM degradation at low concentrations (e.g., mass-transfer

limitation, or limitation by physiological adaptation) in response to the perturbations imposed.

In phase 1, we did not observe any isotope fractionation at the upper and lower boundaries
of the tank (yellow dots in Figure 2.4a, e, at z = 1, 2, 3, 14, 15, 16 cm). A potential explanation
is that bacteria were in the planktonic adaptation stage after inoculation, and neither the cell
population nor the degradation activity was yet well established throughout the tank. Therefore,
in the first sampling days, the associated turnover was limited, despite favorable
thermodynamic conditions. Since we collected integrated samples over a longer time period,
the original isotope ratio of non-degraded samples (BAM molecules having experienced no
biodegradation) at the beginning of the sampling period may have diluted the isotope
fractionation induced by biodegradation at the later stage of the sampling period. Thus, isotope
fractionation may not have been discernible in the final time-integrated samples. This is
consistent with our conclusion that the bottleneck of biodegradation in this experimental phase
was the adaptation and establishment of the strain Aminobacter sp. MSH1 throughout the tank.
Furthermore, even though the f-values in the upper region are approximately two orders of
magnitude higher than the ones in the lower region, the difference of the observed isotope
fractionation in the upper and lower regions is only 1-2 per mil (Figure 2.4a, e). As discussed
in more detail below, this again is likely due to the effect of masking where similar changes in

isotope values are observed irrespective of f-values.

In the first sampling period of phase 2, when the BAM inlet concentration in the central
port had just been increased to 100 mg/L, the degradation hot spots where the isotope

fractionation was highest were at the ports of z =5 and 11 cm. In contrast, during the second

106



sampling period, when the bacteria had already adapted to the change of the higher inlet
concentration, the biodegradation efficiency had increased, and the plume became narrower,
as indicated by the smaller f-values and higher isotope fractionation at the hot spots at z = 6
and 10 cm. The corresponding experimental data of this phase has recently been analyzed in
detail via a numerical reactive transport model.*® The current study goes further and enables us
to explore bacterial adaptation beyond this snapshot in time by following the change of
biodegradation activity in the tank system over time.

In phase 3, after the BAM concentration in the central inlet port had been decreased to 50
mg/L, isotope values in the plume center (blue data points, Figure 2.4h) deviated from the
theoretical trend of the Rayleigh relation (blue solid line, Figure 2.4h) and the constant isotope
values in the low concentrations throughout the upper and lower regions of the tank (red and
yellow data points, Figure 2.4h) revealed that biodegradation was limited by mass transfer
throughout the tank, even in the plume center, which is an effect of the large biomass buildup
during phase 2. The observation follows the trend observed during the second sampling period
of phase 2 where the f-values at ports z =1-5 cm and z = 11-16 cm increased towards the
upper and lower boundaries, indicating a decreased biodegradation rate and a potential
physiological limitation (see also Sun et al.*%). With sufficient biomass, the biodegradation
efficiency of the system increased to the degree that it became limited by diffusion into the
cells. Under these conditions, the changes in isotope values remained equally small at the upper
and the lower plume region, whereas f -values increased with decreasing concentration,
indicating a smaller extent of degradation (yellow dots). This zone of reduced degradation at z
= 1-4, 13-16 cm was closer to the plume center compared to phases 1 and 2, which indicates
a wider spread of a physiological adaptation (less active metabolism) in response to the mass-
transfer limitation of substrate supply. In line with this observation, Figure 2.3d shows a much
lower specific BAM degradation rate per cell at the upper and lower boundaries of the tank.
Thus, although the overall biodegradation efficiency was enhanced, the degradation activity
was limited by a physiological adaptation of the microorganisms to the low substrate
concentration. (Note: degradation in the stimulated system, phase 3, was more efficient
compared to the initial phase 1 when in the BAM inlet concentration was also 50 mg/L BAM).
The higher biomass density at the onset of phase 3 (a legacy of the 100 mg/L injection during
phase 2) drove the concentration drop in the breakthrough profiles. We hypothesize that this
caused the bacteria to adapt to the low concentrations via a reduction in the cell-specific

degradation activity, thus down-regulating their maintenance energy requirements. To this end
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we reason that keeping a higher internal activity would mean high maintenance-energy
requirements. This would be difficult to sustain at low substrate turnover because of strong
mass-transfer limitation as indicated by close to zero fractionation. We speculate that such
physiological limitations (e.g., downregulation of functional genes, or reduced activity of
catabolic enzymes) resulted in lower bacterial activity which prevented complete degradation
of BAM. This physiological limitation of Aminobacter sp. MSH1, which results in reduced
BAM degrading ability at low BAM concentration, has also been observed by Sekhar et al.®,
who explained it by reduced production of the amidase BbdA that converts BAM to 2,6-DCBA

due to physiological adaptation.

2.3.4 Summary

Extensive research has been conducted that targets the classical priming effect of labile organic
matter on the degradation/mineralization rate of recalcitrant organic matter.55-%® However, few
studies have focused on the priming effect during biodegradation of organic contaminants.®® In
this study, we observed a priming effect on biodegradation when we introduced intermediate
changes in environmental conditions (such as a temporary increase of the substrate
concentration and a temporary, transient flow condition) in a flow-through sediment system.
The elevated degradation efficiency continued over weeks after returning to the low inlet
concentration, suggesting that such priming has the potential to establish a sustainable high
degradation efficiency over a relatively long time (weeks or months). Exposing bacteria to
elevated concentrations of the target compound and changing the flow regime is, therefore, a
potential strategy to improve the degradation of organic contaminants in water treatment plants
or in-situ remediation. To translate this into technologies for real water treatment facilities,
future investigations may focus on pilot sand-filter experiments that introduce such
intermediate disturbances during the back-flushing stage, or that focus on the influence of

multiple carbon sources on such a priming effect.

Furthermore, the observed stimulated degradation activity after priming and temporal flow
fluctuation also indicates that intermediate concentration/flow fluctuations can be a potential
trigger that enriches biomass and stimulates the spread of the bacteria. For a conceptual
assessment of in-situ biodegradation at contaminated sites, priming effects or intermediate

system disturbances should therefore be considered.
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Finally, isotope analysis over a range of different quasi-steady-state concentrations under
different loading conditions suggested that mass transfer became increasingly limiting the more
the system was stimulated and adapted over time. Hence, even under stimulated conditions
with a sufficient supply of nutrients and other potential growth-limiting compounds (e.g.,
oxygen), mass-transfer limitation of the substrate, both macroscopically (by dispersion) and
microscopically (by mass transfer between the bulk phase and the bacterial interior), will
ultimately become a bottleneck for degradation. In response, physiological limitation may
factor in when the concentrations are extremely low. Hence, the combined analysis of isotope
fractionation and substrate concentrations in comparison to abiotic behavior has the potential
to identify the underlying limiting factors during biodegradation in lab and in field applications.
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Chemicals

The chemicals used in this study are: 2,6-dichlorobenzamide (Sigma Aldrich, Germany), 2,6-
dichlorobenzamide-3,4,5-ds, 98.4%-ds (Alfa Chemistry, Ronkonkoma, NY), 2,6-
dichlorobenzoic acid (Sigma Aldrich, Germany), and metolachlor (Chemos GmbH &Co. KG,
Germany).

Medium Preparation and Bacteria Cultivation

The recipe of the growth medium for Aminobacter sp. Strain MSH1 was adapted from the
optimized mineral salt medium MSNC,: developed by Schultz-Jensen et al.! and is described
in Sun et al.? Briefly, the medium was prepared in 990 mL MilliQ water, with Na,HPO4 (6
g/L), KH2PO4 (3 g/L), MgS0O4 x 7H,0 (0.2 g/L), CaCl, x 2H,0 (0.01 g/L). The pH of the
medium was adjusted to 7.0 with hydrochloric acid before autoclaving (121 °C for 20 min).
After autoclaving and cooling, 10 mL of trace element stock solution (with HzBOs (39 mg/L),
MnSO4x H0 (84.5 mg/L), CuSO4 % 5H,0 (125 mg/L), ZnCl; (69 mg/L), CoCl, % 6H.0 (119.5
mg/L), and Na2MoQO4 x H>0 (121 mg/L)) was filtered through 0.22uM syringe filters (Merck
KGaA, Germany) and added to the medium solution. To prepare the anoxic BAM solution
injected at the central inlet port of the tank, BAM (powder) was added to the medium and
stirred vigorously for 24 h to facilitate dissolution. The medium was flushed with N> gas for 4
h to remove the dissolved oxygen. The oxic medium solution was injected at the inlet ports
except for the central one, which was flushed with air for 2 h. All chemicals for the medium

preparation were from Sigma Aldrich, Germany.

The BAM degrader—Aminobacter sp. Strain MSH1 was obtained from the Department of
Geochemistry, the Geological Survey of Denmark and Greenland (GEUS), Denmark. The
bacteria cultivation steps are described in Sun et al.? Briefly, precultures were prepared in 200
mL medium solution in 1 L shaker flask with added glucose (400g/L, 2 mL, autoclaved) as
carbon source. A BAM solution (500 mg/L, 4 mL) was filtered through 0.22uM syringe filters
(Merck KGaA, Germany) and added to the preculture to ensure the BAM-degrading ability of
bacteria. The incubation was performed in an orbital shaker at 130 rpm at 20 °C. When the
optical density (OD) reached one, the preculture was centrifuged in four 50 mL centrifuge tubes
at 4000 rpm for 5 min. Then cells were resuspended and washed in 10 mL medium solution

(without glucose or BAM) three times. After resuspending the washed bacterial cell pellets in
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2 L medium solution (without glucose or BAM), the culture was ready for inoculation to the
tank.

Set-up of the Quasi-Two-dimensional Flow-through Sediment Tank Experiment

The setup of the quasi-two-dimensional flow-through sediment tank was adapted from
Bauer et al.®> and is described in Sun et al.%* Briefly, two glass plates made up the front and
back sides of the tank, with a Teflon spacer as the bottom and sidewalls. Two aluminum rims
at either side of the chamber held the glass plates and Teflon spacer together. The tank is a
quasi-two-dimensional system with inner dimensions of 95 cm x 18 cm x 1 cm (L x H x W).
Sixteen ports were equally spaced (with 1.0 cm distance) at the inlet (left side) and outlet (right
side) boundary of the tank. The tank was sterilized with 12 g/L NaOH solution and rinsed with
autoclaved ultra-pure MilliQ water and wet packed with uniform quartz sands (0.8-1.2 mm
diameter). Peristaltic pumps (Ismatec, Germany) were connected between the inlet ports of the
tank and BAM/medium solution bottles, and between the outlet ports of the tank and the

sampling vials via stainless steel capillaries and tygon pump-tubes.

Sample Preparation and Solid-Phase Extraction (SPE)

We conducted filtration and solid phase extraction to clean and separate the analytes before
concentration and isotope measurements. For carbon isotope measurements, water samples
were filtered through 0.2 uM PES filter (Nalgene Thermo Scientific, Germany) and
cumulatively collected every day until enough sample volume (1-2 L) was collected. For
concentration measurements, water samples (1 mL) were filtered through 0.22 uM syringe
filters (Merck KGaA, Germany) and the pH was adjusted to pH 1.7 with HCI; the internal
standard 2,6-dichlorbobenzamide-3,4,5-ds was spiked into the samples before SPE. We
adapted the SPE method from Torrenté et al.®> and Jensen et al.® The SPE cartridges (PP SPE
cartridges with PE frit, 20 um pore size, Sigma Aldrich, Germany) were self-packed with
hydrophobic polymer-based sorbent Bakerbond SDB-1 (J.T. Baker, USA). The SPE steps for
isotope samples and concentration samples are described in Sun et al.2 and are briefly listed in

the table below.
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Table SO SPE steps

Cartridges Sorbents  Conditioning Loading Washing Drying  Concentrating
Isotope samples 6 mL 02¢g 3 mL EtOAc 02-2L 2x3mLMilliQ 120min 3 ml EtOAc
2x3 mL MeOH
2x3 mL MilliQ
Concentration 1 mL 0.05¢g 1 mL EtOAc 1 mL 2x1 mL MilliQ 60 min 1 ml MeCN
samples 2x1 mL MeOH

2x1 mL MilliQ

BAM and 2,6-DCBA Concentration Measurements on LC-MS/MS

The method of the concentration measurements on LC-MS/MS was adapted from Jensen
et al.® Briefly, the LC-MS/MS system consisted of an Agilent 1100 HPLC system (Agilent
Technologies Inc, USA) coupled to a QTrap 4000 mass spectrometer (MS) equipped with
electrospray ionization (ESI) (Sciex, USA) interface. Chromatographic separation was
performed on a Kinetex® C18 column (2.6 pm, 10 nm, 100 x 2.1 mm i.d., Phenomenex, USA)
guarded by a precolumn. The column oven temperature was maintained at 40 °C. The mobile
phase was composed of solvents A (water/ammonium acetate (5 mM), pH of 2.4 adjusted by
formic acid), and solvent B (acetonitrile). The separation was achieved by applying a gradient
flow of 300 uL/min as follows: 0-5 min, 90% A; 5-9 min, 90%-10% A; 9-10 min, 10%-90%
A; 10-15 min, 90% A. The injection volume was 10 uL. Detailed method description and

parameters of target analytes on the MS are as same as described by Sun et al.?

Carbon Isotope Measurements on GC-IRMS

Carbon isotope measurements were performed on TRACE GC Ultra gas chromatograph
(Thermo Fisher Scientific, Italy) coupled with a Finnigan MAT 253 isotope ratio mass
spectrometer (IRMS). A Finnigan GC Combustion Il interface (Thermo Fisher Scientific,
Germany) was used to connect GC to IRMS. Compound separation was conducted on a DB-5
analytical column (30 m, 0.25 mm i.d., 0.5 um film, Agilent Technologies, Germany) in the
GC. The carrier gas was Helium (1.4 mL/L, grade 5.0). For high concentration samples, a
Thermo injector in the split/split-less injection mode was used; for low concentration samples,
on-column injection mode was set up using a programmable Optic 3 injector (system) with
liquid No-cryofocusing (ATAS GL, distributed by Axel Semrau, Germany). The GC oven
temperature program in the split/split-less injection mode started at 80 °C; temperature
increased to 280 °C at a ramp rate of 15 °C/min, and held for 7 min. The GC oven temperature

program in the on-column injection mode started at 35 °C holding for 30 s; the temperature
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increased to 80 °C at a ramp rate of 5 °C/min. Then the temperature increased from 80 °C to
280 °C at aramp rate of 15 °C/min. International reference standards Vienna PeeDee Belemnite
(V-PDB) were used to determine the carbon isotope values §13C [%o] of the samples. The
carbon isotope values 613C of the samples were calculated in relation to a lab reference gas
(CO2, RM8562, RM8563). Further analytical details are as same as described in Sun et al.>*

T-RFLP Analysis

T-RFLP analysis of bacterial 16S rRNA genes was performed according to the previous
protocol of Pilloni et al. 2011.” 16S rRNA genes were amplified using FAM-labeled primer
pairs Ba27f (5’FAM-aga gtt tga tcm tgg ctc ag-3’) and 907r (5’-ccg tca att cct ttg agt tt-3°).
The PCR thermal profile consisted of 25 cycles of denaturation step (30s, at 94 °C), an
annealing step (30s, at 52 °C) and an extension step (60s, at 70 °C). The PCR reactions were
performed in a total volume of 50 pL, including 1x PCR buffer, 1.5 mM MgCl2, 0.1 mM dNTPs,
1.25 U Taq polymerase (All from Fermentas, Germany), 0.2 pg/uL BSA (Roche, Switzerland),
0.5 uM of each primer (Biomers, Germany), and 1 pL of template DNA. Amplicons were then
purified with MinElute® PCR purification kit (Qiagen, Germany) according to the
manufacturer's instruction. Purified amplicons were then restricted using Mspl (Hpall,
cleavage site 5’°-ccgg-3’) (Thermo Fisher Scientific, Germany) and resolved by capillary
electrophoresis on a 3730 DNA Analyzer (Applied Biosystems, USA). All samples were
performed in duplicates. Afterwards, electropherograms were analyzed by the software
GeneMapper 4.0 (Applied Biosystems, USA) as previously reported.® The data was then
further denoised and analyzed with T-REX software.® Software parameters were selected as
reported in Mueller et al.!° The T-RFLP DNA fingerprint from the washed-out cells at different

outlet position in phase 2 is shown in Figure S4.
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Additional Supporting Tables and Figures

Table S1. Overall mass balance of the entire system calculated by the average values during the
sampling days over the three different operational phases defined by different feed concentrations
through the central inlet port. Data from the flow disturbance was excluded for the first 50 mg/L inlet

concentration experiment.

BAMZIEt  BAMQUUet  DCBASMIet  pogowlet . Carbon in Biomass  Biodegradation  Carbon-Assimilation

[umol/day]  [umol/day]  [umol/day] [pmol/day] [umol/day] Efficiency [%] Ratio [%]
Phase 1 17.1 2.3+0.5 3.440.4 59.6+8.6 4145 87+3 52 + 8*
Phase 2 34.1 6.2+1.5 14.8+2.6 85.3+3.8 153 863 17+10
Phase 3 17.1 0.04+0.05 5.0+1.2 72.445.1 6+1 99:+2 7£1

*The calculated carbon-assimilation ratio based on washed-out cell number in phase 1 may not represent the
true value due to the adaptation of bacteria in phase 1.

day 27
14 L day 37

CyET [mg/L]

Figure S1. Metolachlor (conservative tracer) concentration profile changing with time under the first
50 mg/L BAM inlet concentration condition (phase 1). Grey shade represents the concentration range
in the quasi-steady state period. Blue and orange data points represent the metolachlor concentration

profiles on the flow fluctuation days.
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Figure S2. Dissolved oxygen (DO) profiles at the inlet, in the middle, and at the outlet of the tank,

changing with time under the first 50 mg/L BAM inlet concentration condition (phase 1). Red data
points represent the DO profiles on the flow fluctuation days.
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Figure S3. Abiotic BAM concentration profile under the 50 mg/L BAM inlet concentration condition.
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Figure S4. T-RFLP DNA fingerprint from the washed-out cells at different outlet positions in phase 2
(with BAM inlet concentration of 100 mg/L). The DNA fingerprint of strain Aminobacter sp. MSH1

(accession number DQ401867.1) was framed in the dashed-line rectangle.
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3. Conclusions and Outlook

This thesis systematically explores the insight from isotope fractionation on the limitations of
micropollutant biodegradation in a bench-scale aquifer as a model system for natural
groundwater sediments. It illuminates the necessity of considering mass-transfer limitation in
isotope data interpretation and biodegradation evaluation in the field. Furthermore, it sheds
light on the application of priming strategies for optimizing bioremediation approaches.

The diffusion and dispersion experiments with organic compounds at natural isotopic
abundances in the aqueous phase and flow-through sediment system showed that the isotope
fractionation induced by diffusion and transverse dispersion is weak to negligible, with changes
in carbon and nitrogen isotope values within +0.5%o and 1%, respectively. Therefore, based
on the data in this study and the literature data for chlorinated solvent and gasoline
contaminants at natural isotopic abundance,’ this study suggests that maximum =1%o potential
additional uncertainty could be added to current instrumental uncertainties on carbon or
nitrogen isotope measurements for more accurate field data evaluation. This can significantly
simplify the analysis of biodegradation from isotope fractionation measurements in the field.
In addition, the observed weak-to-negligible mass dependence of the diffusion-induced isotope
fractionation of organic compounds at natural abundance challenges the well-entrenched mass-
dependence concept based on the Enskog diffusion theory.? Furthermore, to explain the weak
mass dependence of diffusion of organic compounds at natural isotopic abundance, | proposed
the following aspects which have not been considered by the conventional diffusion models
based on the collision theory: (i) the isotopologue masses of polyatomic molecules are affected
by isotopes of multiple elements, (ii) molecular vibrations or rotations may minimize the mass
dependence of diffusion, and (iii) solute-solvents interaction (e.g., H-bonds) can further
minimize collision effects. To further verify the hypothesis, future studies should undertake
molecular dynamic simulations® # of isotope fractionations of organic compounds at natural
isotopic abundance during diffusion in the aqueous phase. The estimation of the potential
energy of each bound, angle, and dihedral in each solute molecule by the molecular model
might further shed light on the influence of the above-mentioned factors on the aqueous-phase
diffusion. Hence, the widely applied transport simulations®® by coupling the transverse-
dispersion expression of Chiogna et al.® with the Enskog/Woch diffusion equation to estimate

transverse-dispersion-induced isotope fractionation would significantly overestimate the
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isotope effect of transverse dispersion for organic compounds at natural isotopic abundances.
This study, therefore, calls the attention of the researchers to choose the diffusion and
transverse dispersion models more carefully when estimating the transverse-dispersion induced

isotope fractionation.

Taking the conclusion from section 2.1 that diffusion and dispersion did not induce
significant isotope fractionation, section 2.2 explored the limitations of micropollutant
biodegradation in a bench-scale aquifer by analyzing the relation between isotope fractionation
and concentrations. The drastic decrease in carbon and nitrogen isotope fractionation when
substrate concentration decreased to a threshold range perfectly fit the reactive transport model
and gave direct evidence of substrate mass-transfer limitation. This study indicates that mass-
transfer limitation through the cell membrane is the main bottleneck for biodegradation;
without considering mass-transfer limitation, the extent of in-situ biodegradation at low
concentrations based on isotopic evidence would be underestimated. The typical interpretation
of isotope ratio in geochemistry usually interprets the decreased isotope fractionation at low
concentrations as the result of decreased degradation rate,° isotopic interference from dilution
or dispersion,'* 2 or other physical/chemical heterogeneity of the system,'® 4 and ignores the
potential masking effect due to mass-transfer limitation. Even though the applicability of the
Rayleigh equation in the mixing-controlled aquifer has been questioned, mass-transfer
limitation has only been considered as a result of the heterogeneity of the system.™® This thesis
highlights that besides all the above-mentioned factors, mass-transfer limitation through the
bacterial cell membrane is an important factor that masks isotope fractionation, not only in
heterogeneous systems but also in homogeneous systems. Thereby, this study significantly
adds to the interpretation of isotope fractionation in geochemistry and creases new avenues to
evaluate the bottlenecks of biotransformation/biodegradation in groundwater. In order to better
integrate the results from this study into field applications, studies on how extra carbon sources
influence the mass transfer of the target substrate and how mixed bacteria communities affect
the uptake of the substrate might need further investigation in bench-scale aquifers and field
sites. At the field scale, microbial community dynamics may interact with the environment
physically, and chemically.?® 17 In addition, degradation pathways of different bacteria may
vary and induce different isotope effects'®2°—some bacteria might show significantly small
fractionation even at higher concentrations during biodegradation.?! Thus, future work is

needed to explore whether the combined approach with CSIA and concentration analysis in

124



conjunction with numerical modeling can be applied to pinpoint mass-transfer limitation in
natural systems with mixed microbial community. In addition, even though previous studies
shown the physiological adaptation of bacteria under stress (e.g., at low substrate concentration)
by analyzing the proteomic and fatty acid composition of bacteria in batch and chemostat
experiments,?? Zfuture work on the analysis of proteomics and fatty acids composition of
bacteria in a larger scale flow-through sediment system may help to characterize the
physiological response of the bacteria and identify mass-transfer limitation through the

bacterial cell membrane in the field-like case.

Finally, in an attempt to increase the biodegradation capacity/efficiency of a bioaugmented
system, especially under low concentration conditions, in section 2.3, | implemented
intermediate disturbance as a priming strategy in a bacteria-inoculated flow-through sediment
tank. After the priming and a temporal flow fluctuation, high degradation efficiency was
reached in the relative long-term run, suggesting that this strategy has the potential to increase
degradation capacity and extend the efficient degradation time. Therefore, introducing such
intermediate disturbance may potentially enhance biomass distribution and re-active
degradation activity of the inoculated bacteria in the sand filters in drinking water treatment
plants (such as during the back-flushing stage). However, the flow rate in the flow-through
sediment tank in this study was slower than that in the real sand filter systems in drinking water
treatment plants, which may result in a lower cell detachment rate.?* Hence, priming studies in
pilot sand filter systems are still necessary. The observed stimulated degradation activity after
priming also implies that when evaluating biodegradation in the field, intermediate
concentration/flow fluctuation caused by the variating flow field may potentially facilitate
mixing the redox conditions and stimulate the spread of the bacteria, thus further promote
biodegradation. In addition, combined analysis of isotope fractionation and remaining substrate
concentrations has the potential to identify the underlying limiting factors (e.g., mass-transfer
limitation, physiological limitation) during biodegradation in the lab and field sites. A better
understanding of the potential limitations during biodegradation would help us to find more
specific and hybrid solutions (e.g., adding surfactants, extra carbon sources, or nutrients) in
order to overcome the biodegradation bottlenecks and eliminate contaminant concentrations to

a lower level.

In sum, I explored the limitations of biodegradation of organic micropollutants by applying

CSIA in a bench-scale aquifer mimicking natural groundwater sediments. The finding that
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mass-transfer limitation masked isotope fractionation at low concentrations has challenged the
general assumption that the absence of isotope fractionation represents the absence of
degradation in the field. By implementing a priming strategy (increasing and decreasing source
concentration), the enhanced biomass distribution and higher biomass density were beneficial
for the long-term performance of the bioaugmented system, thus, further enhanced the
biodegradation in the relatively long run. But even with the indications from this thesis, there
are still knowledge gaps that warrant further research. For example, further microbiological
and molecular biology studies on the mechanisms of transformation or correlation between
mass-transfer limitation and physiological limitation under oligotrophic conditions in flow-
through sediment systems are needed in order to resolve the general mass-transfer limitation to
eliminate contaminant concentration to zero in the field. The influence of multi-carbon sources
and mixed bacteria communities on the identification of mass-transfer limitation by applying
CSIA still needs further investigation. In addition, a field-scale reactive transport model which
considers mass-transfer limitation through the bacterial cell membrane would further validate
the findings in this thesis. Finally, the findings from the sediment tank experiment with priming
and flow disturbance should be of significant interest for improving
biodegradation/remediation strategies in drinking water treatment plants (e.g., in sand filter

systems) and at field sites.
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